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ABSTRACT 

 

Sulfate (SO4
2-) pollution is contributing to the salinization of surface waters worldwide. 

Wetlands are natural filters on the landscape that remediate surface water by retaining 

and processing pollutants. However, the capacity for wetlands to process excess SO4
2- 

from wastewater is poorly understood, especially for natural (as opposed to 

constructed) wetlands. Here, I explore the SO4
2- remediation capacity of Frank Lake, a 

restored, multi-basin wetland complex in southern Alberta, Canada, that is used to treat 

effluent from municipal and beef slaughterhouse sources. Using a combination of 

approaches, I show that there was limited SO4
2- processing throughout the wetland. 

Mass balances constructed for two distinct hydrologic periods showed that Frank Lake 

shifted from a SO4
2- source during wet years (2013 - 2015) to a sink during drought 

years (2021 - 2022). Yet I found little evidence of active SO4
2- processing in surveys 

conducted during drought years. SO4
2- remained the dominant form of sulfur (S) among 

all three basins (>95% of total S), implying little net change in the S pool. Similarly, 

dual stable isotope (34S and 18O) analysis showed limited isotopic enrichment among 

wetland basins, implying limited transformation of SO4
2- via microbial reduction. 

Sediment incubations confirmed the patterns observed with stable isotopes, showing 

little net removal of SO4
2- throughout the wetland. The preferential reduction of nitrate 

(NO3
-) and other more energetically favourable constituents of the effluent may restrict 

the extent of microbial SO4
2- reduction throughout Frank Lake. The limited extent of 

emergent and submerged vegetation may also limit SO4
2- uptake by plants. Given the 

limited SO4
2- processing in Frank Lake, and the headwater position of this wetland 

complex in the broader aquatic network, my work provides context for previous reports 

of increasing salt concentrations documented in rivers of the South Saskatchewan River 

watershed. 
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CHAPTER 1. INTRODUCTION 

 

1.1 Background 

Sulfur (S) is an important limiting nutrient for the growth and development of 

organisms including plants (Li et al., 2020; Nazar et al., 2011). Therefore, S plays 

crucial biochemical and physiological roles and shapes ecosystem functioning. Sulfur 

is required for the synthesis of amino acids such as methionine and cysteine, vitamins 

(biotin and thiamine), some pigments, and numerous other secondary metabolites and 

phytohormones (Anderson and Spencer, 1950; Narayan et al., 2022; Shah et al., 2022). 

The role of S is irreplaceable in sustaining life, as its deficiency negatively impacts the 

growth, disease resistance, development and productivity of plants, and lowers their 

nutritional quality (Kopriva et al., 2019). Thus, an understanding of the biogeochemical 

cycling of S in natural environments is needed to better appreciate the health and 

functioning of communities and ecosystems.  

 

1.1.1 The global S cycle 

While S primarily cycles between the lithosphere, atmosphere and hydrosphere 

(Lavelle et al., 2005), only a small amount of S enters the biosphere (Charlson et al., 

1992; Schlesinger and Bernhardt, 2013). The early deposition of S on Earth as pyrite in 

the Earth’s crust represents the largest global S reservoir (2.4×1010 Tg S). Geologically 

bound S is released to the land, air, and water by natural and anthropogenic activities. 

Weathering of minerals (72 Tg S yr-1), volcanic activity (10 Tg S yr-1), fires (3 Tg S yr-

1), and dust deposition (8 Tg S yr-1) constitute the natural fluxes of S, while the key 

anthropogenic activities mobilizing S include mining (160 Tg S yr-1), fossil fuel burning 

(70-100 Tg yr-1) and agricultural inputs (70 Tg S yr-1) (Hinckley et al., 2020; Ivanov 
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and Freney, 1983; Lavelle et al., 2005; Schlesinger and Bernhardt, 2013). The ocean is 

the second largest pool of S, with water and sediments containing around 1.3×109 Tg 

S, and 3×108 Tg S respectively (Schlesinger and Bernhardt, 2013). Marine sea salt 

sprays (140 Tg S yr-1) and biogenic organic gases (15 - 30 Tg S yr-1) represent important 

flux pathways that remove S from the ocean (Charlson et al., 1992; Lavelle et al., 2005). 

Gaseous forms of S are unstable, have short residence times in the atmosphere, and are 

a comparatively small pool (4.8 Tg S; residence time of 0.1 yr (Ivanov and Freney, 

1983)). Gaseous S combines with other elements to form stable compounds, mainly S 

oxides (SOx), which are deposited on land and water as wet or dry sprays (Charlson et 

al., 1992; Zak et al., 2021).  

Inland waterbodies such as rivers and lakes act as channels connecting the land 

to the coastal ocean, hence, they are significant conduits of S between major planetary 

reservoirs (Ivanov and Freney, 1983). The S flux through inland waterbodies is now 

around 213 Tg S yr-1, now double preindustrial levels (Charlson et al., 1992; Lavelle et 

al., 2005; Schlesinger and Bernhardt, 2013), with anthropogenic sources contributing 

around 109 Tg S yr-1 (Ivanov and Freney, 1983). Thus, increased human perturbations 

have dramatically modified the biogeochemical cycling of S by mobilizing excess 

amounts of geologically bound S and thus causing severe S pollution in ecosystems 

worldwide (Hinckley et al., 2020).   

 

1.1.2 Sources of S pollution 

The S cycle is one of the most anthropogenically altered biogeochemical cycles, as 

ecosystems receive large amounts of S from various human activities (Galloway, 1996). 

Historically, industrialization and urbanization were made possible through intense 

fossil fuel mining and combustion, yet this emits reactive S into the atmosphere 
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(Cowling, 1982; Galloway, 1996) at rates of ~113 Tg S yr-1 (Ivanov and Freney, 1983). 

Excess S aerosols reduce air quality (Goyer et al., 1985; Smil, 1996), and S deposition 

on land and water as ‘acid rain’ has caused dramatic declines in water and soil quality 

and the functioning of ecosystems (Likens and Bormann, 1974; Likens et al., 1996).  

Measures to reduce S pollution have lowered the annual rate of atmospheric S 

emissions since the mid-1970s, especially in North America and Europe (Mitchell and 

Likens, 2011). As of 2006, sulfur dioxide (SO2) emissions in Canada and the United 

States (U.S.) were ~14 million tonnes, which is about half of the total emissions that 

occurred in 1980 (Feinberg et al., 2021). Consequently, agricultural soils of the 

Northern Hemisphere have become deficient in S by 70-90% (Feinberg et al., 2021). 

Hence, S requirements of crops are now met through additions of fertilizers, pesticides, 

and soil amendments that can be lost through leaching into surface and ground water 

(Kirchmann et al., 1996; Zhao et al., 2006). Thus, while atmospheric S emissions have 

declined, anthropogenic manipulation of the S cycle has continued, largely through 

agricultural inputs.     

 Rates of S transfer from land to inland waters have increased due to human 

activities. While mineral weathering is a natural pathway of S transfer to waterbodies, 

human activities including agriculture have enhanced the rate of soil weathering and S 

transfers from land to water (Schlesinger and Bernhardt, 2013). Such additions are 

prevalent in the Prairie region of North America where the glacial tills are rich in sulfide 

minerals (Rock and Mayer, 2006). Apart from such natural additions, wastewater is 

another important anthropogenic point source of S pollution. Effluent water from both 

domestic and industrial sources often contains elevated concentrations of SO4
2- as a 

common constituent (Wu et al., 2013) at levels that can have negative effects on aquatic 

ecosystem health and functioning (Wiessner et al., 2010). Combined, these point- and 
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non-point sources of S pollution have major impacts on aquatic ecosystems. In recent 

decades, the rivers throughout the South Saskatchewan watershed have increased in 

SO4
2- content and the concentration of other salts due to salinization linked to human 

activities (Kerr, 2017). Similar trends of increased salinity and alkalinity (due to SO4
2- 

and other ions) are observed in rivers throughout the U.S. (Kaushal et al., 2021).  

 

1.1.3 Importance of SO4
2- regulation in freshwater systems 

Sulfur exhibits various oxidation states from -2 to +6, which facilitates the formation 

of a variety of compounds relevant in biogeochemical reactions and nutrient cycling 

(Solomon et al., 2005). Among the forms of S, SO4
2- is a relatively stable entity, is one 

of the most abundant anions in rivers (Charlson et al., 1992), and it is the major form 

of S transported through aquatic networks (Mackenzie et al., 1993). Excess SO4
2- in 

water has toxicological impacts on both macro and microorganisms, as it acidifies 

ecosystems and leads to both increased sulfide toxicity and heavy metal mobilization 

from sediments through altered sediment redox conditions (Zak et al., 2021). Such 

redox shifts also mobilize nutrients into the water column including previously bound 

phosphorus (P) (Wang and Zhang, 2019) and nitrogen (N) (Wiessner et al., 2005). This 

mobilization of nutrients can promote algal blooms, eutrophication, and depletion of 

dissolved oxygen (DO) (Qin et al., 2022).  

The concentration of SO4
2- in global freshwater ranges from 0 to 630 ppm, 0 to 

250 ppm and 0 to 230 ppm, in rivers, lakes and ground water respectively (Zak et al., 

2021 and references therein), while the concentrations in surface water of industrial and 

non-industrial areas of China have been measured at 410 and 258 ppm, respectively 

(Qin et al., 2022). The permissible limit of SO4
2- in potable water is below 250 ppm 

(Sharma and Kumar, 2020). Consumption of water containing high SO4
2- causes 
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diarrhoea, dehydration, gastrointestinal and kidney troubles, increased methaemoglobin 

and sulfhemoglobin in humans (Sharma and Kumar, 2020). Taken together, both direct, 

and indirect (due to metabolites like sulfide) toxic effects of SO4
2- pollution in 

waterbodies have negative impacts on aquatic and human life. Thus, quantification and 

management of SO4
2- is a necessity to minimise the occurrence and intensity of such 

negative impacts. 

 

1.1.4 Using wetlands to treat S rich wastewater 

Wetlands contribute roughly 40% of planetary ecosystem services to society, while only 

occupying a marginal fraction of the global land surface (around 2.4% out of 11.6%) 

(Schlesinger and Bernhardt, 2013). They provide food, fuel, and medicines, support 

wildlife and biodiversity, and regulate flood and drought events. Wetlands also improve 

water quality through the retention and transformation of nutrients and sequester 

atmospheric carbon (C) (Costanza et al., 1997; Dinsa and Gemeda, 2019; Mitsch et al., 

2015). Historically, wetlands have been the most undervalued ecosystems, often 

considered wastelands, and subjected to extensive degradation, drainage, and 

conversion to croplands and urban landscapes (Zedler and Kercher, 2005). Efforts and 

policies to conserve and restore wetlands are underway worldwide, as humankind 

increasingly appreciates the numerous benefits that wetlands provide (Yang et al., 2010; 

Mitsch et al., 2015).  

Wetlands are effective sites for wastewater treatment owing to their unique 

capacity to process nutrients via mineralization and off-gassing to the atmosphere, or 

through storage in plant biomass and sediments (Yang et al., 2010). Thus, these wetland 

ecosystems act as a barrier or filter in a watershed, by removing nutrients and pollutants 

from incoming water and protecting downstream waterbodies (Mitsch and Gosselink, 
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2015), thereby supporting societal activities including agricultural, industrial, and 

recreational purposes. Moreover, relative to conventional methods, wetlands provide 

water quality improvements and effluent processing with lower energy inputs and costs 

of operation (Werker et al., 2002). In addition to being used to treat domestic sewage 

and diffuse (i.e., non-point) agricultural runoff, wetlands are now also used to treat 

many different sources of chemically complex effluent, including wastewater from 

mining operations, metallurgical refineries, tanneries, agricultural operations, and 

pharmaceutical and textile industries (Vymazal, 2005; Werker et al., 2002). A study 

assessing SO4
2- removal in a constructed wetland found that 21% of SO4

2- inputs were 

removed by the wetland, through significant biogeochemical processing of SO4
2- in the 

sediments (Wu et al., 2011). Therefore, there is potential for wetland processes to 

remediate effluent-based S pollution, though the extent of this ecosystem service in 

different wetland habitats remain unclear. 

Spatial gradients of redox conditions throughout a given ecosystem (Wu et al., 

2011) support the coexistence of different forms of organic, inorganic, and elemental S 

(Wang and Zhang, 2019). These circumstances, together with elevated organic matter 

content that sustains high rates of microbial activity, make S a key component of 

wetland biogeochemical processes (Deng et al., 2019). The cycling of S is closely 

interconnected with the cycles of bio-reactive elements including C, N, and P (Guo et 

al., 2020). Different species of S can shape food web energetics by acting as electron 

acceptors or donors during redox reactions, mediating ecosystem electron storage 

(Deng et al., 2019). Additional factors that influence the fate of SO4
2- in wetlands 

include dilution due to rainfall inputs, increased concentration due to gradients in 

evapotranspiration, matrix effects, and mineral precipitation and removal from the 

water column (Wu et al., 2011). Owing to the number of factors that can potentially 
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affect the processing of S in wetlands, more detailed research in diverse wetland types 

is needed to better explain the mechanisms driving effluent S removal. 

 

1.2 Research objectives 

Given the rise in SO4
2- concentrations in southern Alberta surface waters (Kerr, 2017), 

and the potential water quality implications of this concerning trend, my project tracks 

the output and transformation of effluent SO4
2- from one of the major sources entering 

the headwaters of the Oldman River in southern Alberta, a sub-basin of the broader 

South Saskatchewan River watershed. My work explores the role that the Frank Lake 

wetland plays in transforming effluent-derived SO4
2- before entering the downstream 

river network. My study has the following three objectives: 

1) Quantification of the SO4
2- budget of Frank Lake during two distinct 

hydrological periods (a wet versus a drought period, 2013 to 2015 and 2021 to 

2022, respectively) to determine whether the wetland acts as a source or sink of 

SO4
2- under different hydrological conditions. 

2) Use stable isotopes to trace the transformations of SO4
2- that occur in the three 

main basins of the Frank Lake wetland complex. 

3) Identify the potential for sediment SO4
2- removal using lab-based incubation 

experiments that track the rate of sediment SO4
2- removal or addition.  

 

1.3 Research implications  

Although there are many studies detailing the cycling of other bio-reactive elements 

including C, P and N, the quantitative description, and dynamics of S transformations 

in treatment wetlands are relatively understudied (Wu et al., 2011). Most of the research 

on wetland S cycling is limited to constructed wetlands (Chen et al., 2016; Pester et al., 
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2012), with little emphasis on natural and restored ecosystems. Given the complexity 

of S biogeochemical cycling, that is linked to both biotic and abiotic transformations, a 

mass balance model paired with stable isotope analyses can help to address this 

knowledge gap.  
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CHAPTER 2. EXPLORING SULFATE CYCLING IN A MINERAL-SOIL 

WETLAND RESTORED WITH WASTEWATER 

 

2.1 Introduction 

Since the onset of the industrial revolution, sulfur (S) availability in the biosphere has 

dramatically increased due to the intensification of mining and agricultural activities, 

as well as increasing wastewater effluent release. Point and non-point S pollution 

largely enters the hydrosphere, where inland waterbodies act as channels for S transport 

(around 213 Mg S yr-1; (Ivanov and Freney, 1983; Lavelle et al., 2005). For instance, 

ground water sulfate (SO4
2-) content in some parts of the Netherlands increased six-fold 

between 1966 and 1991 due to increased aerial deposition and agricultural additions 

(Jansen and Roelofs, 1996). Agricultural watersheds across the U.S. act as net S 

exporters (Hinckley et al., 2020). Moreover, SO4
2- is ubiquitous in domestic and 

industrial effluents (Wiessner et al., 2005; Wu et al., 2013). Domestic effluent often has 

SO4
2- concentrations from 20 to 500 ppm, while acid mine drainage (Batty et al., 2005; 

Nyquist and Greger, 2009) and other industrial effluents have concentrations reaching 

several thousand ppm (Wu et al., 2013). Industrial organic peroxide production 

generates effluent with 12,000 to 35,000 ppm of SO4
2- (Silva et al., 2002), while food 

(2,500 to 4,300 ppm) and paper industries that use sulfuric acid in their production 

processes generate effluent with high SO4
2- concentrations (O'Flaherty et al., 1998). 

Thus, while the reuse of treated wastewater is widely considered a sustainable approach 

to overcome global water shortages (Almuktar et al., 2018), excessive SO4
2- pollution 

exceeding 250 ppm can acidify aquatic habitats and negatively impact aquatic life 

(Wiessner et al., 2005), while also altering the biogeochemical cycling of nutrients, 

especially N and P, resulting in ecosystem eutrophication (Feng and Hsieh, 1998; 
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Lamers et al., 1998). Hence, improved management of SO4
2- pollution can have many 

environmental benefits (Wiessner et al., 2005).  

Wetlands provide a wide array of unique ecosystem services that sustain and 

balance the diversity of life on Earth (Costanza et al., 1997; Mitsch et al., 2015; Zedler 

and Kercher, 2005). Flooded soil conditions, together with submerged or emergent 

vegetation, creates strong redox gradients that promote the biogeochemical processing 

of nutrients and pollutants (Chen et al., 2016). Therefore, wetland protection, 

restoration, and construction are widely seen as cost-effective approaches for treating 

wastewater from domestic and complex industrial sources (Vymazal, 2005). Wetland 

nutrient processing improves water quality, while water retention also regulates water 

quantity on the landscape (Hammer, 1989; Whigham, 1995). Pollutant or nutrient 

removal is mediated through multiple mechanisms that include precipitation and 

storage in sediment or soil, microbial transformations, and litter decomposition 

(Allinson et al., 2000; Johnston, 1991; Moshiri, 2020). For SO4
2- in particular, wetland 

processing capacity has been shown to vary. A recent study demonstrated up to 21% 

removal of SO4
2- from contaminated groundwater entering a constructed wetland (Wu 

et al., 2011). Yet earlier work showed SO4
2- retention in natural temperate and boreal 

bogs and wetlands ranged from 25 to 77% (Bayley et al., 1986). Thus, wetland 

restoration, construction, and protection can provide enhanced management of aquatic 

SO4
2- pollution, but the generalizability and magnitude of this ecosystem service 

remains unclear. 

The major transformations of S in wetlands include biologically mediated SO4
2- 

reduction, sulfide oxidation, and the disproportionation of reduced compounds 

(Whitmire and Hamilton, 2005). Rhizosphere conditions, oxygen (O) availability, and 

labile C availability, along with its ionic composition, exert important controls over the 
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major S transformations (Dalcin Martins et al., 2017; Wiessner et al., 2005). Wetland S 

cycling is highly interlinked with that of C, N, and P, by means of common substrates, 

intermediates, and products (Wu et al., 2013). Wastewater treatment wetlands 

principally remove SO4
2- through reduction mediated by SO4

2- reducing bacteria (SRB) 

(Qian et al., 2019). Major factors influencing the performance and survival of SRB are 

temperature, pH, redox potential and the presence of alternate electron acceptors, 

chemical oxygen demand (COD)/SO4
2- ratio, the availability of organic matter and 

electron donors, and other competitive groups of bacteria (Zhang et al., 2022). Different 

strains of SRB thrive well under varying pH (pH 2.0 to 9.0) and temperature ranges 

(7°C to 60°C) (Zhang et al., 2022). The optimum growth and performance of SRB can 

occur under both acidic (pH = 2.0 to 4.0) (Zhao et al., 2017) and alkaline conditions 

(pH = 7.0 to 7.8) (Sharma et al., 2014) and at temperatures of 28°C to 30°C (Zhang et 

al., 2022). Of relevance to wetland effluent processing, excess nutrients in effluent, 

especially nitrate (NO3
-) (or other more energetically favourable terminal electron 

acceptors like O, nitrite (NO2
-), manganese (Mn4+), iron (Fe3+)) can limit the extent of 

SO4
2- reduction by promoting NO3

- reduction. Further, the occurrence of NO3
- reduction 

simultaneously favours sulfide oxidation, which increases the availability of SO4
2- 

(Mitchell and Baldwin, 1999). Thus, while SO4
2- removal may be more common in 

natural wetlands (e.g., Bayley et al. 1986), the chemically-complex nature of many 

effluents (Kaushal et al., 2019) may alter the SO4
2- removal capability of effluent 

treatment wetlands in unknown ways.  

The role of S cycling in effluent-receiving wetlands is a relatively 

underexplored area (Wu et al., 2013). To address this knowledge gap, I explore SO4
2- 

cycling in the Frank Lake wetland complex (southern Alberta, Canada). Frank Lake is 

a restored wetland that currently receives, and processes treated wastewater from a local 
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municipality and beef slaughterhouse (White and Bayley, 1999). The wetland plays a 

crucial role in processing effluent derived nutrients (Flanagan et al., 2022; White and 

Bayley, 2001; White et al., 1999; Zhu et al., 2019) and organic matter (Zhou et al., 

2023), thereby improving the downstream water quality in the Little Bow River. While 

effluent-SO4
2- concentrations have been documented (Zhu et al., 2019), the fate of SO4

2- 

entering Frank Lake is unclear. Here, I develop a mass budget during two distinct 

hydrological periods, use stable isotope surveys, and incubation analyses to quantify 

SO4
2- transformation and retention in Frank Lake. For the mass balance, I compared the 

budget of SO4
2- to that of chloride (Cl-). As Cl- possesses conservative characteristics 

such as high mobility, solubility, and limited adsorption or desorption, it is useful as a 

non-reactive tracer (England and Maier‐Reimer, 2001). The mass balance of Cl- can 

therefore help to distinguish between biotic and abiotic SO4
2- cycling. Overall, my 

hypotheses were: 1) that the wetland acts as a passive transporter of Cl- (i.e., no net 

retention or export) but a net SO4
2- sink similar to other treatment (Wu et al., 2011) and 

non-treatment (Bayley et al., 1986) wetlands; and 2) that isotopic surveys and 

incubations will reveal intense microbial S reduction coupled with previously 

documented organic matter cycling (Zhou et al., 2023) and microbial respiration 

(Bogard et al., 2023).  
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2.2 Methods 

2.2.1 Study site 

Frank Lake (FL) is a wetland in the prairie pothole region of southern Alberta (50°33'N; 

113°42'W) (Fig. 1; see Appendix A for photos of each location sampled in Frank Lake). 

The wetland was restored to hydrologic permanence by Ducks Unlimited Canada in 

1989, using secondary treated wastewater from the Town of High River municipal 

wastewater treatment plant, and effluent from the Cargill Foods beef processing plant 

in High River (White and Bayley, 1999, 2001). The wetland provides critical habitat 

for waterfowl and migratory birds, including endangered species and hence, is crucial 

in supporting regional biodiversity (White and Bayley, 1999). The wetland complex has 

a total area of 10.1 km2, with three basins separated from one another by control weirs. 

Basins 1, 2 and 3 have surface areas of 5.1, 3.6 and 1.4 km2 respectively, with Basins 1 

and 2 having average depths of 0.67 m and Basin 3 depth averaging 0.3 m (White and 

Bayley, 2001; Zhu et al., 2019). Blackie and Mazeppa are two ephemeral creeks (Fig. 

1) flowing in from the East and North of the wetland, respectively, during the spring, 

resulting in higher water levels in Frank Lake compared to the normal levels during 

summer (Zhu et al., 2019). Water leaving the wetland via an outflow in Basin 3 drains 

into the Little Bow River, which is a tributary of the Oldman River and part of the larger 

South Saskatchewan River watershed. The soil in the watershed is characterised by low 

hydraulic conductivity due to clay rich glacial deposits, limiting subsurface flow (Conly 

et al., 2004). 

The average annual air temperature of the area is 2.3°C (Zhu et al., 2019) and 

the monthly mean temperature varies from -11 to 15°C (White et al., 1999) (Blackie 

AGCM; Government of Alberta). The average annual precipitation in the area was 450 

mm and mean evaporation was 782.5 mm during the 2013-15 hydrological years (Zhu 
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et al., 2019). In 2021, however, the average precipitation was 245 mm and mean 

evaporation increased to 1.27 times (i.e., 990.4 mm) that of the 2013-15 period (Zhou 

et al., 2023). The annual precipitation during 2022 was 312.8 mm (Blackie AGCM; 

Government of Alberta). Hence in this study, I am considering the years 2013-15 as a 

hydrologically wet period and that of 2021-2022 as a dry (drought) period. 
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Figure 1. Map of Frank Lake, Alberta (taken from Flanagan et al., 2022). See Appendix 

A for photos of each location sampled. 
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2.2.2 Water sample collection and analysis 

Water samples were collected at weekly to monthly intervals, mostly in spring and 

summer (April - October) between April 2021 to October 2022. Surface water samples 

were taken from the effluent (EFF) (n = 25) discharge point into Basin 1, outlets of 

Basin 1 (B1O) (n = 20), Basin 2 (B2O) (n = 20), Basin 3 (B3O) (n = 8), and at the 

ephemeral creeks above where they flow into the wetland (Fig. 1). No flow was 

observed in Blackie (BK) or Mazeppa (MZ) creeks during the dry period, yet samples 

were collected from the stagnant pool of water (n = 1 and n = 3 for BK and MZ, 

respectively). Limited flow occurred from Basin 3 outflow in spring 2021 but not 2022. 

All water samples were collected in acid washed polyethylene bottles, transported on 

ice in coolers, filtered using 0.45 µm capsule filters (Whatman) in the lab and archived 

for analysis by freezing at -20°C. Samples were analysed for stable isotope ratios of 

SO4
2- and water (H2O) (methods described below).  The concentrations of SO4

2- and Cl- 

were analysed by colorimetric ion analysis (Barium chloride turbidimetric method (Roy 

et al., 2011) and the Ferrithiocyanate method (Center et al., 1974) using a Colorimetric 

Autoanalyzer (Thermo Gallery Beermaster Autoanalyzer). Total S (particulate and 

dissolved) concentrations were measured by inductively coupled plasma-optical 

emission spectroscopy (ICP-OES) (Prietzel et al., 1996).   

 

2.2.3 Mass balance construction  

The ability of a wetland to retain nutrients can be better understood by estimating the 

mass of a specific nutrient flowing in and out of the ecosystem (Bayley et al., 1986; Wu 

et al., 2011). This approach was used to construct a mass balance for dissolved organic 

carbon (DOC) in Frank Lake and was explained in detail in Zhou et al. (2023).  

Following this published approach, SO4
2- and Cl- mass balances were constructed for 
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both wet and drought periods. The flux was defined as the mass of solute exported 

downstream per second, which was calculated by multiplying the discharge by the 

individual ion concentrations at a specific site. The amount of SO4
2- and Cl- entering 

[SO4
2- or Cl-

 (in)] and leaving [SO4
2-

 or Cl-
 (out)] the wetland was defined as follows: 

  [SO4
2-

 or Cl- 
(in)] = [(CEFF×QEFF) + (CBK×QBK) + (CMZ×QMZ)] 

[SO4
2- or Cl-

 (out)] = (CB3O×QB3O) 

where C and Q are the average values over the specific hydrologic period (i.e., wet, and 

dry) of ionic concentrations (mg L-1) and discharge (m3 s-1), respectively, over the 

different sites. Wetland inflows included here were effluent discharge (EFF), Blackie 

Creek (BK) and Mazeppa Creek (MZ), while the Basin 3 outflow (B3O) was the sole 

wetland outflow.  

Ultimately, if the ratio between [SO4
2- or Cl-

 (out)] and [SO4
2-

 or Cl- (in)] was equal 

to 1, it denoted a lack of net solute processing in the wetland. A value > 1 indicated 

greater export than input (the system is a net downstream source). If the ratio was < 1, 

the wetland retained more mass of the solute than it exported (the system was a net 

sink). 

The SO4
2- and Cl- concentration and discharge data for the wet period were taken 

from Zhu et.al., (2019), while data collected by the Bogard Lab were used for 

calculations during the dry period. Monthly discharge values for effluent release during 

dry years were obtained from the town of High River and Cargill Industries Ltd. (Zhou 

et al., 2023). There was no discharge from both inflowing creeks during dry years. I 

calculated the annual flux of SO4
2- and Cl- using monthly to twice-monthly 

measurements of concentration, with paired discharge measurements (for the basins 

and creeks). The total effluent input into Basin 1 was reported as monthly discharge, 

which was converted to m3 s-1. I first calculated the mean discharge and mean 
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concentration for each month within each year (2013-2015 and 2021-2022). Then, I 

averaged discharge and concentration for each month within each period (averaging 

over the years). At this point, I calculated the flux by multiplying the mean discharge 

by the mean concentration for each month within wet and dry periods, separately. 

Finally, I calculated the annual flux for each period, by summing the monthly flux 

estimates from March to October for the basins and creeks (in either period), but all 12 

months for the effluent (for which there is flow year-round). 

I made a number of assumptions when constructing the mass balance, including: 

1) The absence of discharge during a period was assumed to equate to an absence of 

SO4
2- flux, especially during the winter months while the basins remained frozen; 2) all 

SO4
2- runoff from nearby agricultural fields entered the wetland through the inflowing 

creeks, which had no flow during the dry period and hence was considered a negligible 

input; 3) the major vegetation of the wetland were Bulrush (Schoenoplectus acutus) and 

Cattail (Typha latifolia), which were restricted to the water edge boundaries in Basin 1 

and 2 and throughout Basin 3. Influence of these plants on the S cycle was assumed to 

be minimal as they were not found to directly affect patterns of S deposition or 

absorption (Bansal et al., 2019); 4) atmospheric deposition of S was considered 

negligible as the study site was not in close proximity to marine environments; and 5) 

the small volume of upstream lagoon wastewater discharged into Blackie creek in 2021 

(Zhou et al., 2023) was considered negligible and not included as an input term in the 

mass balance. 

 

2.2.4 Isotope analysis 

The filtered water collected in 2021 and 2022 throughout Frank Lake was processed 

for stable isotope analysis at the Isotope Science Lab at the University of Calgary, using 
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standard protocols. There, samples were brought to a pH < 2 by adding 6M hydrochloric 

acid (HCl). A 10% barium chloride (BaCl2) solution was added to samples to bind SO4
2- 

as barium sulfate (BaSO4) and boiled to minimize production of barium carbonate 

(BaCO3). Samples were filtered and the clean residue of BaSO4 was combusted prior to 

the analysis of sulfur dioxide (SO2) and carbon monoxide (CO) gases that were 

analysed on an Isotope ratio mass spectrometry (IRMS; Vathi (Thermo Finnigan Delta 

V) (Hosono et al., 2014). As defined below, the values of δ34S-SO4
2- and δ18O-SO4

2- 

were respectively expressed relative to international standard values for Vienna-Canyon 

Diablo Troilite (V-CDT) and Vienna Standard Mean Ocean Water (V-SMOW) with an 

estimated precision of ±0.3‰ and ±0.5‰, respectively. To measure the isotopic 

composition of water (δ18O-H2O), filtered and archived samples were analysed using a 

Los Gatos Research (LGR) DLT 100 instrument following standard methods (Lis et al., 

2008). The value of δ18O-H2O was expressed relative to the international standard value 

of Vienna Standard Mean Ocean Water (V-SMOW) with a precision of ±0.2‰. 

The stable isotope composition (δ, ‘delta’) of individual elements was reported 

as the fractional difference in isotope ratio of sample, relative to the isotope ratio within 

a known standard, and expressed in parts per thousand (‰, per mil).   

𝛿 (‰) = (
𝑅𝑠𝑎𝑚𝑝𝑙𝑒

𝑅𝑠𝑡𝑎𝑛𝑑𝑎𝑟𝑑
 − 1) 

Here, R is the ratio of heavy to light isotope, which in my study is [34S/32S] and [18O/16O] 

for S and O, respectively. Positive δ values refer to sample materials with higher 

isotopic ratios than the standard, while negative δ values refers to isotopic ratios in a 

sample that were lower than the standard (Kendall and Caldwell, 1998; Kendall and 

Doctor, 2003).  

 

2.2.5 Isotope applications for wetland S cycling 
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Physical, chemical, and biological processes modify the isotopic composition (ratio of 

heavy to light isotope) of two interacting compounds or phases, and this phenomenon 

is termed isotopic fractionation (Thode, 1991). Understanding fractionation is critical 

for differentiating the sources or processes of formation of water and solutes (Kendall 

and Caldwell, 1998; Kendall and Doctor, 2003) (Appendix B, Fig. B1). An isotopic 

fractionation factor is the ratio of isotopic composition between substrate and product, 

expressed as, α = Rp/Rs, where Rp and Rs are the ratio of heavy to light isotope in a 

product and substrate, respectively. The Rayleigh fractionation model was used to 

explain the isotope partitioning among two interacting reservoirs, as one of them 

decreased in size. The model was used to describe isotopic fractionation under the 

continuous removal of material in a system with two or more isotopic species and there 

was a constant fractionation factor (α) throughout. The Rayleigh equation was 

expressed as, 

R = R0 f
(α-1) 

  where, R0 was the isotopic ratio of the original substrate, f was the fraction of substrate 

remaining after certain time t, R was the isotopic ratio of the residual substrate after 

certain time t (Kendall and Doctor, 2003; Thode, 1991).  

As detailed in previous research (Canfield, 2001; Canfield et al., 2010; Canfield 

et al., 2006; Kamyshny et al., 2011; Kendall and Doctor, 2003; Knossow et al., 2015) 

key processes can alter the isotopic composition of SO4
2- (Appendix B; Fig. B1). 

Briefly, microbial processes cause large associated isotopic fractionation (Kendall and 

Doctor, 2003; Thode, 1991) compared to abiotic processes (i.e., weathering or 

adsorption-desorption), such that biologically mediated transformations result in S 

fractionation in aquatic environments (Kendall and Doctor, 2003). Microbial SO4
2- 

reduction may be either assimilatory or dissimilatory (Thode, 1991). Assimilatory SO4
2- 
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reduction (ASR) refers to the incorporation of S into biomass as part of plant or animal 

metabolism, resulting in minimal isotope fractionation (δ34S of organic S product 

ranges between +0.5‰ and -4.4‰, relative to the SO4
2- substrate (Ishii, 1953; Kaplan 

et al., 1960)). Dissimilatory SO4
2- reduction (DSR) to hydrogen sulfide (H2S) by 

anaerobic bacteria (Chambers and Trudinger, 1979; Thode, 1991) was accompanied by 

higher magnitude of isotopic fractionation (Chambers and Trudinger, 1979; Kemp and 

Thode, 1968; Thode, 1991) on the order of 25‰ for δ34S on average (Clark and Fritz, 

1997; Kendall and Doctor, 2003), but can be as high as 72‰ (Canfield, 2001; Sim et 

al., 2011; Wortmann et al., 2001). However, the fractionation of 18O during microbial 

SO4
2- reduction increased until reaching equilibrium with the water, due to the isotope 

exchange between water and the intermediate compounds in the reduction process 

(Antler et al., 2013). In an experiment carrying out DSR using cultures of Desulfovibrio 

desulfuricans in water with different isotopic composition, the δ18O-SO4
2- was observed 

to reach a steady-state value as that of δ18O-H2O, with temperature dependent 

fractionation factors (25‰ at 30°C) (Fritz et al., 1989). Meanwhile, during oxidation of 

organically bound S, three of the four O atoms in SO4
2- were derived from water 

molecules (Thode, 1991). Hence, measuring the δ18O of SO4
2- and H2O provides 

additional understanding of the transformations mediating the S cycling in aquatic 

systems (Appendix B, Fig. B1), because it may be partially independent from the 

isotopic changes in δ34S of SO4
2- (Sim et al., 2023). 

In Frank Lake, application of the above isotopic theory to patterns across the 

three basins can help to explain whether the wetland effectively recycles SO4
2- via DSR 

or ASR. When bacterial DSR dominates the S cycle, residual SO4
2- should become 

enriched in δ34S and δ18O (Massmann et al., 2003; Tuttle et al., 2009). Here, I assume 

this enrichment follows a hypothetical fractionation of 25‰ for both δ34S-SO4
2- (Antler 
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et al., 2013; Clark and Fritz, 1997) and δ18O-SO4
2- (Fritz et al., 1989), based on 

fractionation values applied to the Rayleigh Distillation equation (see above). 

Exploring potential isotopic discrepancies among each basin sequentially was used to 

pinpoint the locations of intense S processing (if present) within the wetland complex.  

 

2.2.6 Sediment incubation experiment 

Sediment and overlying water samples were collected from the three basins of Frank 

Lake during September 2023. Sampling was done at six locations three locations per 

basin, see Appendix C; Table. C1 and Fig. C1) along a transect from inflow to the 

outflow to cover the range of geochemical properties throughout the wetland complex. 

Sediments were collected using an Ekman grab sampler and transferred into pre-baked 

1-litre glass jars in equal volumes to fill the bottom 5 cm of each jar (0.35 m3 sediment). 

Surface water collected (0.5 L) from the same site was gently poured over the sediment 

to minimize disturbance and resuspension, and to limit atmospheric air exposure 

(Baldwin and Mitchell, 2012). The jars were covered with aluminium foil and 

transported to the lab in the dark in a cooler.  In the lab, sediments were incubated in an 

incubation chamber under light (photoperiod: 14h light, 10h dark; temperature: 24°C 

day, 18°C night) for a period of 7 days. Water samples were gently collected from each 

jar on Days 0, 3, and 7 using a 60 ml syringe causing minimal disturbance and filtered 

through Whatman GF/F filter paper. These water samples were analysed for the 

concentration of SO4
2- as described above. These incubations were intended to provide 

a first order understanding of the potential for SO4
2- reduction at various locations 

within the wetland complex, as indicated by declines in SO4
2- concentration over time, 

the small subsamples collected on day 3 and day 7 from each jar would not substantially 

modify concentrations. Further while many sediment incubations were conducted under 



23 
 

anoxic conditions in other studies, our primary objective was to replicate conditions 

observed in Frank Lake, which remains oxygenated in surface waters (Bogard et al., 

2023). We therefore left incubations open to the atmosphere.  

 

2.2.7 Statistical analysis 

All statistical analyses and figure generation was conducted in R version 4.2.1 (v4.2.1; 

R Core Team 2022). Where data are presented as boxplots using default settings in 

ggplot2, the range of boxes represent the first to third quartile, or interquartile range 

(IQR), the thick midline is the median value, and the vertical lines extend to the largest 

and smallest values within 1.5 times above or below the IQR. Points beyond these 

ranges are shown individually as outliers. 

To explore whether data were normally distributed or violated assumptions of 

regression or group comparison tests, I visually inspected histograms and used the 

Shapiro-Wilks Test (shapiro.test). Both SO4
2- and Cl- concentration data did not meet 

assumptions of normality, so I square root and log10 transformed SO4
2- and Cl- 

concentration data, respectively. To compare ion concentration patterns among 

locations and among hydrologic periods, I used a two-way analysis of variance 

(ANOVA) (aov) followed by Tukey’s Honestly Significant Difference (Tukeys’s HSD) 

post hoc test. I excluded Blackie and Mazeppa creeks due to the absence of flow at each 

location (see above). To compare isotopic values among sites only in the dry period, I 

used a Kruskal-Wallis (kruskal.test) test followed by the Dunn post hoc test (dunn.test), 

applied to untransformed data.  

All regression analyses were conducted using ordinary least squares regression 

(lm) on untransformed, or log10 transformed data, after visual inspection (as above), and 

inspection of regression residuals and Quantile-Quantile plots (qqplot).  
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2.3 Results 

2.3.1 Hydrologic conditions in wet and drought periods 

Effluent remained the major water source to the wetland irrespective of the hydrological 

period, contributing ~94% and ~99% of the total inflow water during wet and dry 

periods respectively (Table 1). There was no flow observed in the ephemeral creeks 

Blackie and Mazeppa during the dry period. Limited outflow from Basin 3 was 

observed during spring 2021. The averaged lateral water flux (Basin 3 outflow minus 

the sum of inputs) during wet period was -0.31 ± 1.47 ×106 m3yr-1 and -2.94 ± 0.24 ×106 

m3yr-1 during the drought period. The negative water flux implies evaporative loss of 

water, as the ground water recharge is assumed to be zero. Frank Lake remained mostly 

hydrologically disconnected from the Little Bow River during the dry period due to 

lack of flow from the creeks, that limited Basin 3 outflow (Table 1).  

 

2.3.2 The composition of S in the water column 

The major form of S in the wetland during the dry period was SO4
2-, accounting for the 

major share of total S (TS) throughout the system. On average, SO4
2--S made up 94% 

of the TS in the effluent water, 91%, and 92% in that of Basins 1 and 2 respectively 

(Fig. 2).  
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Table 1. Mean annual discharge at different locations of Frank Lake for wet and 

drought periods, and all years averaged (S.D. values in parentheses). 

 

Site Discharge (106 m3 yr-1) 

Wet period  

(2013 to 2015) 

Drought period 

(2021 and 2022) 

BK 0.50 (0.27) 0 

MZ 0.52 (0.33) 0 

EFF 3.80 (0.18) 3.55 (0.05) 

B3O 5.12 (1.40) 0.61 (0.24) 
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Figure 2. The concentration of total S and the proportion of total S that is SO4
2- at three 

sites, effluent (EFF), Basin 1 outflow (B1O), and Basin 2 outflow (B2O), within the 

Frank Lake wetland complex. In this figure, concentrations of SO4
2- are reported in mg 

S L-1, as opposed to mg SO4
2- L-1 in the rest of the thesis. 
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2.3.3 Concentrations of SO4
2- and Cl-  

Concentrations of SO4
2- (n = 144) differed significantly among sites (Fig. 3a; two-way 

ANOVA, p < 0.001, F = 28.99, excluding both inflowing creeks), but not among the 

wet and dry periods (p = 0.45, F = 0.56), with a marginally significant interaction effect 

(p < 0.05, F = 3.00). During both the wet and dry periods, the SO4
2- concentrations 

significantly increased by 112 and 254% from the effluent site (mean ± 1.S.D. = 246 ± 

42 and 195 ± 76 mg L-1, respectively) to the Basin 3 outflow (Fig. 3a; 523 ± 208 and 

692 ± 493 mg L-1; Tukey’s HSD test: p < 0.001 for both periods).  The observed SO4
2- 

concentrations in Blackie and Mazeppa Creeks (548 ± 15 and 353 ± 254 mg L-1, 

respectively) were higher during the wet than dry period, during which no flow was 

observed (standing water in Mazeppa Creek, and no natural flow in Blackie Creek). 

The effluent SO4
2- concentrations did not vary significantly between the two periods 

(Tukey’s HSD test, p = 0.67). During the wet years, the SO4
2- concentrations in Basin 3 

outflow were greater than in Basin 1 outflow (Tukey’s HSD test, p < 0.001). In dry 

years, there were no significant differences in concentrations between Basin 1 and 

Basin 2 outflows versus those in Basin 3 outflow (Tukey’s HSD test, p = 0.17, p = 0.33 

for Basins 1 and 2, respectively). Although not significant, SO4
2- concentrations were 

higher during the dry period (389 ± 293) versus the wet period (376 ± 199 mg L-1). 

Unlike for SO4
2-, Cl- concentrations (n = 144) varied more significantly between 

the two hydrological periods (Fig. 3b; Tukey’s HSD test, p < 0.001, F = 56.69) than 

among the sites (Tukey’s HSD test, p < 0.05, F = 2.717) with higher concentrations in 

the dry than the wet period. In general, the concentration of Cl- in the inflowing creeks 

was lower than that of the effluent (15 ± 10 mg L-1 versus 11 ± 6 mg L-1, respectively 

for Blackie and Mazeppa). During the wet period, there was little change in 
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concentrations from effluent input to the outflow of Basin 3 (272 ± 138 mg L-1 versus 

211 ± 74 mg L-1, respectively; Tukey’s HSD test, p = 0.41). This pattern in the wet period 

differed considerably from that of SO4
2-. During the dry period, mean Cl- concentrations 

increased from the site of effluent input (183 ± 69 mg L-1) to the Basin 3 outflow (1271 

± 827 mg L-1; Tukey’s HSD test, p < 0.001) (Fig. 3b). The average Cl- content of effluent 

decreased by ~33% from wet to dry periods, because of interventions at the beef 

processing facility between these two sampling periods that reduced the output of Cl- 

(Tukey’s HSD test, p = 0.08) (Sean Murray, personal communication).  

  



29 
 

 

 

Figure 3. Concentrations of (a) SO4
2- and (b) Cl- across sites within the Frank Lake 

wetland. Significant differences from the two-way ANOVA (interaction effects 

included) are shown among sites, as denoted by lower case, italicized letters (p < 0.05). 

The concentrations at Blackie (BK) and Mazeppa (MZ) Creeks are shown, but not 

included in statistical analysis of differences due to limited data (during the dry period). 
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 2.3.4 Mass balance of SO4
2- and Cl- in wet and drought periods 

The influx of SO4
2- into the wetland varied greatly between hydrologic periods, whereas 

Cl- exhibited little variation (Fig. 4). During the wet period (Fig. 4a), effluent input was 

985 ± 55 Mg SO4
2- yr-1 (mean ± 1.S.D., representing ~65% of total inputs), while 

Blackie and Mazeppa imported 294 ± 349 (17%) and 304 ± 438 Mg SO4
2- yr-1 (18%) 

into the wetland, respectively. In the dry period (Fig. 4b), SO4
2- influx from effluent 

declined by ~25% from the wet period to 742 ± 55 Mg SO4
2- yr-1 and was the single 

source of SO4
2- to Frank Lake. The patterns of Cl- flux into Frank Lake differed from 

SO4
2- as the creeks had a negligible role in Cl- inputs. During the wet period (Fig. 4a), 

effluent represented 98% of total Cl- influx (989 ± 53 Mg Cl- yr-1), with only 8 ± 11 and 

9 ± 11 Mg Cl- yr-1 from Blackie and Mazeppa creeks, respectively. In the dry period 

(Fig. 4b), effluent was the only source of Cl- (632 ± 53 Mg Cl- yr-1), which was ~36% 

less than effluent inputs during the wet period.  

The export of SO4
2- and Cl- from the Basin 3 outflow during the wet period (Fig. 

4a) was 2378 ± 385 Mg SO4
2- yr-1 and 954 ± 174 Mg Cl- yr-1 respectively, which further 

declined to 265 ± 43 Mg SO4
2- yr-1 and 518 ± 95 Mg Cl- yr-1 during dry years (Fig. 4b) 

due to limited outflow. The ratio of SO4
2- output to SO4

2- input (SO4
2-

(out)/ SO4
2-

(in)) was 

1.5 and that of (Cl-
(out)/ Cl-

(in)) was 0.9 for the wet period, designating the wetland as a 

source of SO4
2- downstream compared to Cl- (no net retention or production) during the 

wet period. During the dry period, however, the output to input ratios decreased to 0.36 

and 0.82 for SO4
2- and Cl-, respectively, acting as a sink for SO4

2-, with little retention 

of Cl-. 
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Figure 4.  Mass balance of SO4
2- and Cl- in (a) wet and (b) dry periods in Frank Lake. 

All units are reported in Mg yr-1. 
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2.3.5 Isotopic composition of SO4
2- and H2O during the drought period 

During the dry period, δ34S-SO4
2- varied little from the effluent inflow site (mean ± 

1S.D. = 0.78 ± 1.35‰) to the Basin 1 (1.27 ± 0.92‰) and Basin 2 outflows (1.60 ± 

0.99‰) (Kruskal-Wallis: post hoc=Dunn test, p > 0.1). However, from the Basin 2 

outflow to the Basin 3 outflow, SO4
2- was enriched in 34S (δ34S-SO4

2- = 5.2 ± 0.65‰) 

(Fig. 5a) (Kruskal-Wallis: post hoc = Dunn test, p = 0.0011). Conversely, δ18O-SO4
2- 

(Fig. 5b) and δ18O-H2O (Fig. 5c) increased considerably from the effluent site (-3.15 ± 

1.07 ‰ and -17.75 ± 0.61 ‰ respectively) to Basin 1 outflow (6.19 ± 1.59 ‰ and -9.27 

± 1.75 ‰ respectively) but varied little from Basin 1 to Basin 2 outflow (7.28 ± 1.38 

‰ and -7.5 ± 1.56 ‰, respectively). In transit through Basin 3, both SO4
2- and water 

became further enriched in 18O, with a mean δ18O-SO4
2- value of 10.75 ± 0.77 ‰ and 

δ18O-H2O value of -6.5 ± 2.86 ‰.  

The enrichment of 18O in SO4
2- and in H2O was strongly correlated in the 

outflows of Basin 1, 2, and 3 (R2= 0.81, p < 0.001; Fig. 6), with a regression slope of 

nearly 1 (Fig. 6). The observed enrichment of 34S-SO4
2- and 18O-SO4

2- of the residual 

pool was compared to an expected hypothetical enrichment pattern based on the 

Rayleigh distillation model, using an average fractionation of 25‰ each for 34S (Clark 

and Fritz, 1997; Kendall and Doctor, 2003) and 18O (Fritz et al., 1989) which are 

average values of the range of fractionation observed in various systems (Fig. 7). 
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Figure 5. Stable isotopic composition of SO4
2- and H2O, including measurements of (a) 

34S-SO4
2-, (b) 18O-SO4

2-, and (c) 18O-H2O at the effluent (EFF) and outflows of 

Basin1 (B1O), Basin 2 (B2O), and Basin 3 (B3O) in Frank Lake. Significant differences 

among the groups from the Kruskal Wallis test (post-hoc: Dunn test) are shown as 

different italicized, lower-case letters (p < 0.05).  
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Figure 6. Plot of  δ18O-SO4
2- versus δ18O-H2O across sites (effluent (EFF) and outflows 

of Basin 1 (B1O), Basin 2 (B2O), and Basin 3 (B3O)) within Frank Lake during the 

dry period. 
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Figure 7. Plot of δ34S-SO4
2- versus δ18O-SO4

2- at the four sites (effluent (EFF) and 

outflows of Basin 1 (B1O), Basin 2 (B2O), and Basin 3 (B3O)) within Frank Lake. 

Points are the mean values for each site during the dry period, and error bars denote ± 

1 S.D. The red line represents the hypothetical enrichment of dual isotopes in the 

residual SO4
2- pool according to the Rayleigh distillation model (the fractionation value 

used was 25‰ (Clark and Fritz, 1997; Kendall and Doctor, 2003) each for 34S and 18O 

(Fritz et al., 1989) which are average values of the range of fractionation observed in 

various ecosystems). 
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2.3.6 Sediment incubation experiment  

The incubations showed a range in net SO4
2- cycling patterns, with both increases and 

decreases in SO4
2- concentrations for different locations within the wetland complex. 

Incubations with sediment and water from Basin 1 underwent a net increase in dissolved 

SO4
2- concentration of water from the inflow and mid-basin locations (+9.73 and +3.91 

mg SO4
2- L-1 d-1 respectively), while there was a net decrease of -21.77 mg SO4

2- L-1 d-

1 in the outflow location (Fig. 8a). Incubations from all three locations in Basin 2 

experienced net SO4
2- removal with rates of -6.17, -5.67 and -48.9 mg SO4

2- L-1 d-1 

respectively at inflow, mid-basin, and outflow locations (Fig. 8b).  
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Figure 8. Changes through time in SO4
2- concentrations in sediment incubations, for 

different locations within Basin 1 and 2 of Frank Lake. 
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2.4 Discussion 

2.4.1 Frank Lake SO4
2- content and safe consumption guidelines  

The mobilization of S through mining, agricultural additions and effluent release has 

led to the widespread increase in SO4
2- content of ground and surface waters (Zak et al., 

2021). Globally, SO4
2- concentrations in fresh water often vary from 0 to 230 mg L-1 in 

groundwater, up to 250 mg L-1 in lakes, with concentrations as high as 630 mg L-1 in 

rivers (Zak et al., 2021). The SO4
2- concentration in treated effluent entering Frank Lake 

was low compared to the SO4
2- content in effluent in other areas (Fernando et al., 2018; 

Wu et al., 2013), and importantly, below 250 mg L-1, which is the safe limit for human 

consumption set by the World Health Organization (WHO) (Fernando et al., 2018). The 

SO4
2- concentration in Frank Lake effluent was also below the safe limit set by the 

surface water quality guidelines for livestock and irrigation water in Alberta (1000 mg 

L-1) (Government of Alberta, 2018). However, the average SO4
2- content of water 

leaving the Frank Lake exceeds this limit by ~2 times or more (Fig. 3). Unlike other 

constructed treatment wetlands receiving S rich effluents (Chen et al., 2016; Wu et al., 

2013) and mine drainage (Nyquist and Greger, 2009), Frank Lake is not a SO4
2- sink, 

and concentrations stay elevated due to multiple factors (as discussed below).  

First, emergent macrophyte (Bulrush and Cattail) vegetation in Frank Lake was 

largely restricted to the outer edges of Basin 1 and 2 (Flanagan et al., 2022), and the 

more extensive bulrush vegetation in Basin 3 interacted little with water during the 

drought period. Further, microbial reduction of SO4
2- was limited in the wetland 

complex (Fig. 7, 8), which, in combination with limited extent of plant uptake, 

restricted the bioremediation capacity of the wetland. Accordingly, I saw little shift in 

the relative contribution of SO4
2- to the total S pool, relative to other forms of S, namely 

organic S in dissolved or particulate form (Fig. 2). Second, hydrologic conditions in 
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this semi-arid region further enhanced SO4
2- content through evapo-concentration of 

solutes across the basins (Fig. 3; Zhu et al., 2019). The limited water inputs from creeks 

(Table 1) and little or no groundwater recharge (Zhou et al., 2023) also contributed to 

the high concentration of SO4
2- (Fig. 3; Zhu et al., 2019). Taken together, elevated SO4

2- 

concentration within the wetland limits the immediate useability of the water within 

Frank Lake, while export of water into the Little Bow River downstream leads to a 

dilution of SO4
2- concentrations to values well within safe consumption levels.  

 

2.4.2 Hydrologic controls on wetland source and sink behaviour 

The mass balances from both wet and dry periods showed that Frank Lake 

alternated between a net SO4
2- source and sink, respectively, unlike the conservative 

tracer Cl-, for which the wetland remained a net sink in both periods (Fig. 4a and 4b). I 

observed extreme shifts from 100% retention of incoming SO4
2- in the dry period, to an 

export of 150% during the wet period. The shift from source to sink in Frank Lake was 

unique compared to wetlands in other regions. The SO4
2- retention capacity of wetlands 

in other regions have been shown to decrease with elevated precipitation and rapid 

hydrological flushing, yet these wetlands typically remain net SO4
2- sinks (Bayley et 

al., 1986). For example, similar work in northwestern Ontario showed that the SO4
2- 

retention capacity of a fen during wet years was 4% but increased to 23% during dry 

years (Bayley et al., 1986). Previous work at Frank Lake has shown there is also net 

retention of N and P during wet periods (White and Bayley, 2001; White et al., 1999; 

Zhu et al., 2019), while Zhou (2023) observed a net export of DOC during the wet 

period. Taken together, the extreme shifts between net retention and export of SO4
2- in 

Frank Lake are not generalisable to all wetlands, nor are they representative of all 

bioavailable nutrients or conservative tracers (including Cl-) in Frank Lake. 
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 Hydrologic connectivity (Cheng et al., 2023) and water residence time (WRT) 

are crucial factors determining wetland nutrient retention capacity (Fisher and 

Acreman, 2004; Ghosh and Gopal, 2010; Zhang et al., 2022). The above-average 

precipitation (450 mm) (Zhu et al., 2019) during wet years facilitated greater flow 

between the basins and downstream into the Little Bow River. Consequently, the WRT 

of the wetland decreased to 2.56 years (Zhou et al., 2023) which limited both the time 

for effluent water to interact with microbes and plants (Perez et al., 2011), and the extent 

of binding and storage in underlying sediments as metal sulfides. On the other hand, 

during the dry period, Frank Lake was mostly hydrologically isolated from rest of the 

watershed, lacking inflow from the creeks, and limited outflow from Basin 3 (Table 1). 

Prevailing dry conditions favoured lower water levels and a longer WRT of ~16.4 years 

(Zhou et al., 2023). While longer WRTs could potentially enhance microbial SO4
2- 

reduction due to longer processing times in situ, more anaerobic conditions, and lower 

redox potential (Stark et al., 1995), we did not see evidence for this effect in dry years. 

Here, the small enrichment of δ34S-SO4
2- and δ18O-SO4

2- across the basins (Fig. 5, 7) 

suggested limited bacterial reduction in the dry period. Taken together, the isotopic and 

incubation results indicated little biogeochemical processing of SO4
2, despite the longer 

WRT and limited outflow from Basin 3, and that the apparent SO4
2- sink in the dry 

period mass balance was due to shifts in hydrologic conditions alone (i.e., abiotic 

factors). This observation contrasts with my initial hypothesis, as abiotic, rather than 

biological processes appear to play a decisive role in the net source or sink behaviour 

of Frank Lake.  

 

2.4.3 Limited and localized SO4
2- reduction in Frank Lake 
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The results from the mass balances (Fig. 4), dual isotope analyses (Fig. 5, 7), and 

incubations (Fig. 8) collectively point to a limited role of SO4
2- reduction in Frank Lake. 

Pure cultures of SRB typically enrich the residual SO4
2- pool by ~45‰ for δ34S and 22 

to 30‰ for δ18O (Antler et al., 2013; Thode, 1991). My field-based observations 

showed moderate isotopic enrichment linked to SO4
2- removal. Had SO4

2- reduction 

been more extensive in Frank Lake, we would expect greater isotopic enrichment in the 

residual SO4
2- pool across the basins (Fig. 7). A previous study in a constructed wetland 

treating SO4
2--contaminated groundwater (286 mg L-1) had 21% removal efficiency and 

showed relatively high δ34S-SO4
2- and δ18O-SO4

2- (enriched by 10.1‰ and 6.1‰) in 

outflowing water (Wu et al., 2011). Another study by Flege (2001) used five different 

constructed wetlands across Indiana and Ohio to treat acid mine drainage. There, two 

of the wetlands showed SO4
2- removal (from 1740 ppm at inflow to 831 ppm at outflow) 

through microbial reduction, that enriched δ34S values in remaining SO4
2- by nearly 

5.5‰, while removal (640 ppm at inflow to 290 ppm at outflow) in another wetland led 

to nearly 9‰ shifts in δ34S values. Unlike in those studies, isotopic patterns in Basins 1 

and 2 shifted little from effluent values (Fig. 7), indicating little SO4
2- removal.  

Incubations of sediment in each basin also showed that net SO4
2- removal was limited  

(Fig. 8),  consistent with the observed lack of isotopic enrichment in Basins 1 and 2. 

The observed increase in δ18O-SO4
2- values throughout the basins were closely related 

to the shifts in the  δ18O-H2O values (Fig. 5c and 6) caused by isotopic enrichment  

associated with evaporation of surface water  (Zhu et al., 2019). The impact of shifting 

water isotopic composition on δ18O-SO4
2- can occur through multiple biochemical 

mechanisms (e.g., partial reduction of SO4
2-, reoxidation of sulfide) during which O 

atoms in H2O can be incorporated into SO4
2- by S cycling bacterial consortia (reviewed 

in detail by Antler et al. (2013). Overall, Basins 1 and 2 were not active sites of SO4
2- 
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remediation during drought conditions. The net export observed in the 2013-15 wet 

period mass balance (Fig. 4) suggested similar wetland functioning for this period.  

In contrast, isotopic patterns suggested that there may have been more prevalent 

SO4
2- reduction occurring from the outflow of Basin 2 to Basin 3, though data were 

only available for the brief period when water flowed through or was standing in the 

outflow channel (Zhou et al. 2023). From Basin 2 to 3 outflows, both δ34S and δ18O 

were enriched by 3.66‰ and 3.51‰, respectively (Fig. 5a, b, 7), and the change of 

slope in the dual isotope plots between Basins 2 and 3 was more in line with predictions 

based on fractionation values of BSR (Fig. 7). Hence, the pairing of my mass balance 

with both isotopic and incubation techniques indicated that while the entire wetland 

complex showed limited net processing of SO4
2-, there was indeed spatial variability in 

S cycling, and localized habitats were capable of removing S, particularly in Basin 3 

and some vegetated locations at the south end of Basin 2. 

 

2.4.4 Mechanism underlying the limited SO4
2- reduction in Frank Lake 

The limited SO4
2- removal and associated low isotopic enrichment in Frank Lake was 

likely due to multiple factors, including shifts in OC quality and quantity among 

different sections of the wetland complex. Availability of labile OC is an important 

regulatory control on microbial SO4
2- reduction (Hao et al., 2014), and increased 

availability of OC enhances DSR (Wiessner et al., 2005). Yet elevated DOC content 

alone was not the main factor controlling DSR and net SO4
2- removal in Frank Lake. 

Concentrations of DOC were elevated across all aquatic habitats (> ~30 mg L-1; Zhou 

et al. 2023), and past work has shown that heterotrophic microbial activity was 

generally high throughout the wetland complex (Zhou et al. 2023; Bogard et al. 2023).  

Conversely, the removal of SO4
2- in incubations was most intense in the sample from 
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the Basin 2 outflow (a vegetation-dominated habitat). Beyond DOC availability, the 

presence or absence of emergent vegetation appears to be a potentially important factor 

controlling these patterns. While wetland plants can have a negative influence on BSR 

via root O2 release (Stein et al., 2007; Wiessner et al., 2010), the supply of cattail litter 

to wetland soils enhanced SO4
2- removal in microcosm experiments using tertiary 

wastewater (Chen et al., 2016). As wetland plants are decomposed, humic materials can 

build up the soil OC pool (Pinney et al., 2000; Quanrud et al., 2001). The microbial 

decomposition of plant litter supplies soluble carbohydrates, consumes O2, and 

ultimately provides electrons to sustain microbial DSR metabolism (Chen et al., 2016). 

Basin 3 in Frank Lake stands out from the other two basins, due to the presence of 

extensive bulrush vegetation. For water moving through Basin 3, Zhou et al. (2023) 

reported a structural shift in the DOC pool from aliphatic to aromatic (i.e., toward more 

plant and soil-like sources of DOC). This signifies that water masses in Basin 3 likely 

interact more closely with areas dominated by emergent vegetation, where enhanced 

litter decomposition could favour microbial SRB communities and SO4
2- metabolism. 

This interpretation is consistent with the enrichment of SO4
2- dual isotopic signatures 

from the outflow of Basin 2 to 3 (Figs. 5 and 7). Hence, a greater presence of vegetation 

within Frank Lake Basin 1 and 2 could have a positive influence on SO4
2- reduction, 

and this may be a management strategy to consider in the future.  

Beyond the presence of emergent vegetation, wide redox gradients throughout 

Frank Lake likely favour different pathways of anaerobic microbial respiration that 

structure patterns of SO4
2- removal. In terms of thermodynamic constraints, anaerobic 

respiratory processes including NO3
- reduction (denitrification), then reduction of 

manganese (Mn4+) and iron (Fe3+) are energetically more favourable than the reduction 

of SO4
2- (Berner, 1980; Froelich et al., 1979). The effluent released to Frank Lake 
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contains a range of nutrients and is especially rich in NO3
- (the bulk of the N pool; 

Flanagan et al. 2022). The effluent NO3
- (~100 mg L-1) entering Frank Lake is mostly 

retained in Basin 1 (75 – 96%; Flanagan et al. 2022; Zhu et al. 2019), indicating intense 

denitrification here. High NO3
- availability likely inhibits SO4

2- reduction through 

increased denitrification, while simultaneously facilitating sulfide oxidation using NO3
- 

as an oxidant (Whitmire and Hamilton, 2005). This pattern was observed in small 

wetlands (a fen and a marsh) in Michigan, where NO3
- was efficiently consumed in 

groundwater, while SO4
2- was removed only after NO3

- was depleted (Whitmire and 

Hamilton, 2005). A similar pattern was observed in a constructed wetland microcosm 

(Guo et al., 2020).  However, N availability decreases dramatically below Basin 1 in 

Frank Lake, as denitrification and sedimentation limit the transfer of N further 

downstream (Flanagan et al., 2022). In these locations below Basin 1, DSR may become 

more energetically favourable. The pattern of SO4
2- removal in my incubation studies 

supported this interpretation, as the accumulation in SO4
2- in samples nearer to the 

effluent source may reflect sulfide oxidation linked to denitrification (Fig. 8), while the 

loss of SO4
2- in samples taken farther from the source (i.e., Basin 1 outflow and beyond) 

may be due to the depletion of NO3
- . While the incubations used here cannot confirm 

these patterns due to their simple design (i.e., I did not measure denitrification or 

cycling of other terminal electron acceptors like Mn4+ and Fe3+), the spatial gradients 

in redox conditions appear to be important in structuring the cycling of SO4
2-. This 

phenomenon should be explored in greater detail in future studies to help explain the 

mechanisms underlying the wetland’s capacity (or lack thereof) to process SO4
2-.   

 

2.4.5 Implications of limited SO4
2- retention on downstream water quality 
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Considering the findings from my study and past work at Frank Lake (Zhu et al., 2019), 

the wetland can be considered as a site that is not actively processing or retaining     

SO4
2. This observation is important, because SO4

2- pollution plays a crucial role in the 

freshwater salinization syndrome unfolding in aquatic ecosystems worldwide (Kaushal 

et al., 2021; Kerr, 2017). Within the Oldman watershed and broader South 

Saskatchewan River network, salt concentrations including SO4
2- and Cl- have been 

increasing in recent decades, linked to the intensification of land use (Kerr, 2017). By 

exploring headwater SO4
2- cycling in the Oldman watershed, my study helps to provide 

context for these observed changes. My work also highlights the limited capacity for 

wetlands like Frank Lake to play an active role in combatting downstream salinization. 
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CHAPTER 3. CONCLUSIONS 

 

Globally, wetlands are considered efficient, low-cost sites for wastewater treatment. 

However, the capacity for wetlands to remove S is poorly understood, particularly in 

natural wetlands. My study explored S cycling in Frank Lake, a restored mineral-soil 

wetland receiving complex industrial and municipal effluents that are high in SO4
2- 

concentrations. The first part of the study quantified the SO4
2- retention capacity of the 

wetland using a mass balance approach, comparing SO4
2- patterns to those of Cl-, a 

conservative tracer.  I considered two different hydrological periods, a wet and dry 

period, and while Frank Lake behaved as a sink for Cl- in each hydrologic period, the 

wetland shifted from a net source of SO4
2- in the wet period to a net sink during the dry 

period. The drastic change in behaviour was solely attributed hydrological differences, 

primarily the lack of flow during the dry period that disconnected Frank Lake from the 

Little Bow River.  Next, I used a combination of incubations and dual isotope analysis 

(δ34S-SO4
2- and δ18O-SO4

2-) of dissolved SO4
2- to identify the potential role of microbial 

SO4
2- reduction in the wetland. The limited isotopic enrichment of SO4

2- together with 

low SO4
2- removal rates in incubations from most locations confirmed that there was 

some SO4
2- reduction in the wetland, but that the rates must be low when considered at 

the ecosystem level. These techniques also indicated that SO4
2- removal was localized 

mostly to Basin 3 and the outflow of Basin 2. Redox competition, mainly the 

preferential occurrence of NO3
- reduction in Basin 1 (and possibly other terminal 

electron acceptors) and limited emergent macrophyte habitats in Frank Lake Basins 1 

and 2 may be the factors that limit SO4
2- reduction in the wetland complex.  

  In the present scenario of rapid anthropogenic salinization of freshwater 

systems around the world and hydroclimatic changes (Kaushal et al., 2023), my study 
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is important, as it evaluates the impacts of these factors and the potential role for 

wetlands to remediate SO4
2- pollution. This study revealed the limited processing of 

SO4
2- compared to other nutrients like N and P (White and Bayley, 2001; White et al., 

1999; Zhu et al., 2019), which showed that outflow from Frank Lake exacerbates 

ongoing salinization in the South Saskatchewan River watershed (Kerr, 2017). The 

export of S from Frank Lake will have downstream consequences, as S transformations 

do not occur in isolation, but influence other nutrient cycles such as that of C, N, P, Fe 

and Mn (Sturman et al., 2008). Hence, when hydrologically connected, the ionic 

composition of the wetland outflow is an important influence on the downstream 

ecosystem health and functioning.  

Finally, this study demonstrated that even if wetlands are thought of as nutrient 

buffering zones in a landscape, the efficiency of this property depends on climate, 

hydrology, the chemical composition of the water, sediment composition, OC 

availability, and most importantly, the nutrient in question. As shown here, these factors 

have inconsistent influences on the removal of different nutrients, with Frank Lake 

removing or retaining N (Flanagan et al., 2022; White and Bayley, 2001), P (White et 

al., 1999; Zhu et al., 2019), Cl- (Zhu et al., 2019), and at times, C (Zhou et al., 2023), 

but not S.  Thus, Frank Lake provides important ecosystem services related to the 

processing of some effluent constituents, but not others such as SO4
2- removal.  

 Although my study provides insight into the extent of SO4
2- transformation in 

Frank Lake, uncertainties remain regarding the S cycle in this important wetland. For 

instance, samples available for some locations were extremely limited, introducing 

uncertainties into my mass balance and interpretation of spatio-temporal patterns. Thus, 

a detailed study including more water and sediment samples from different regions of 

the wetland (especially from Basin 3) and at different times (including winter sampling) 
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should be done in the future. Such sampling would help to refine our understanding of 

the SO4
2- removal capacity of Frank Lake. Moreover, it would be important for future 

work to explore interaction effects between SO4
2- and other elements (such as N, P, Fe 

and Mn) with that of S. Considering the isotope analysis (34S) of sulfide in sediments 

will also be useful to differentiate their source to be underlying pyrite minerals or the 

microbial reduction of effluent derived SO4
2-.  These potential approaches would help 

to build on the observations that I make in my thesis.  

 

 

 

 

 

 

  



49 
 

REFERENCES 

 

 

Allinson, G., Stagnitti, F., Salzman, S., Hill, R. J., Coates, M., Cordell, S., Colville, S., 

& Lloyd-Smith, J. (2000). Strategies for the sustainable management of 

industrial wastewater. Determination of the chemical dynamics of a cascade 

series of five newly constructed ponds. Physics and Chemistry of the Earth, 

Part B: Hydrology, Oceans and Atmosphere, 25(7), 629-634. 

https://doi.org/https://doi.org/10.1016/S1464-1909(00)00076-9  

 

 

Almuktar, S. A., Abed, S. N., & Scholz, M. (2018). Wetlands for wastewater treatment 

and subsequent recycling of treated effluent: a review. Environmental Science 

and Pollution Research, 25, 23595-23623.  

 

 

Anderson, A., & Spencer, D. (1950). Sulphur in nitrogen metabolism of legumes and 

non-legumes. Australian Journal of Biological Sciences, 3(4), 431-449.  

 

 

Antler, G., Turchyn, A. V., Rennie, V., Herut, B., & Sivan, O. (2013). Coupled sulfur 

and oxygen isotope insight into bacterial sulfate reduction in the natural 

environment. Geochimica et Cosmochimica Acta, 118, 98-117. 

https://doi.org/https://doi.org/10.1016/j.gca.2013.05.005  

 

 

Baldwin, D. S., & Mitchell, A. (2012). Impact of sulfate pollution on anaerobic 

biogeochemical cycles in a wetland sediment. Water Research, 46(4), 965-974. 

https://doi.org/https://doi.org/10.1016/j.watres.2011.11.065  

 

 

Bansal, S., Lishawa, S. C., Newman, S., Tangen, B. A., Wilcox, D., Albert, D., Anteau, 

M. J., Chimney, M. J., Cressey, R. L., & DeKeyser, E. (2019). Typha (cattail) 

invasion in North American wetlands: biology, regional problems, impacts, 

ecosystem services, and management. Wetlands, 39, 645-684.  

 

 

Batty, L. C., Atkin, L., & Manning, D. A. C. (2005). Assessment of the ecological 

potential of mine-water treatment wetlands using a baseline survey of 

macroinvertebrate communities. Environmental Pollution, 138(3), 412-419. 

https://doi.org/https://doi.org/10.1016/j.envpol.2005.04.022  

 

 

Bayley, S., Behr, R., & Kelly, C. (1986). Retention and release of S from a freshwater 

wetland. Water, Air, and Soil Pollution, 31, 101-114.  

 

 

Berner, R. A. (1980). Early diagenesis: a theoretical approach. Princeton University 

Press, Princeton. 

 

https://doi.org/https:/doi.org/10.1016/S1464-1909(00)00076-9
https://doi.org/https:/doi.org/10.1016/j.gca.2013.05.005
https://doi.org/https:/doi.org/10.1016/j.watres.2011.11.065
https://doi.org/https:/doi.org/10.1016/j.envpol.2005.04.022


50 
 

Bogard, M. J., Gunawardana, P. V. S. L., Soued, C., Kalyn Bogard, H. J., Smits, K. M., 

& Flanagan, L. B. (2023). Heterotrophic aquatic metabolism and sustained 

carbon dioxide emissions in a mineral-soil wetland restored with treated 

effluent. Science of the Total Environment, 884, 163584. 

https://doi.org/https://doi.org/10.1016/j.scitotenv.2023.163584  

 

 

Brown, K. A. (1982). Sulphur in the environment: A review. Environmental Pollution 

Series B, Chemical and Physical, 3(1), 47-80. 

https://doi.org/https://doi.org/10.1016/0143-148X(82)90042-8  

 

 

Canfield, D. E. (2001). Isotope fractionation by natural populations of sulfate-reducing 

bacteria. Geochimica et Cosmochimica Acta, 65(7), 1117-1124. 

 

 

Canfield, D. E., Farquhar, J., & Zerkle, A. L. (2010). High isotope fractionations during 

sulfate reduction in a low-sulfate euxinic ocean analog. Geology, 38(5), 415-

418. 

 

 

Canfield, D. E., Olesen, C. A., & Cox, R. P. (2006). Temperature and its control of 

isotope fractionation by a sulfate-reducing bacterium. Geochimica et 

Cosmochimica Acta, 70(3), 548-561.  

 

 

Center, N. E. R., Development, O. M., Laboratory, Q. A. R., & Transfer, U. S. E. P. A. 

O. o. T. (1974). Methods for Chemical Analysis of Water and Wastes. Office of 

Research and Development, U.S. Environmental Protection Agency, 

Cincinnati. 

 

 

Chambers, L., & Trudinger, P. (1979). Microbiological fractionation of stable sulfur 

isotopes: a review and critique. Geomicrobiology Journal, 1(3), 249-293.  

 

 

Charlson, R., Anderson, T., & McDuff, R. (1992). The Sulfur Cycle. In: International 

geophysics, (Vol 50), (pp. 285-300). Academic Press, Elsevier, San Diego. 

 

 

Chen, Y., Wen, Y., Zhou, Q., Huang, J., Vymazal, J., & Kuschk, P. (2016). Sulfate 

removal and sulfur transformation in constructed wetlands: The roles of filling 

material and plant biomass. Water Research, 102, 572-581. 

https://doi.org/https://doi.org/10.1016/j.watres.2016.07.001  

 

 

Cheng, F. Y., Park, J., Kumar, M., & Basu, N. B. (2023). Disconnectivity matters: the 

outsized role of small ephemeral wetlands in landscape-scale nutrient retention. 

Environmental Research Letters, 18(2), 024018.  

 

https://doi.org/https:/doi.org/10.1016/j.scitotenv.2023.163584
https://doi.org/https:/doi.org/10.1016/0143-148X(82)90042-8
https://doi.org/https:/doi.org/10.1016/j.watres.2016.07.001


51 
 

Clark, I. D., & Fritz, P. (1997). Environmental isotopes in hydrogeology. CRC press, 

Lewis Publishers, Boca Raton.   

 

 

Conly, F. M., Su, M., van der Kamp, G., & Millar, J. B. (2004). A practical approach 

to monitoring water levels in Prairie wetlands. Wetlands, 24(1), 219-226. 

https://doi.org/10.1672/0277-5212(2004)024[0219:APATMW]2.0.CO;2  

 

 

Costanza, R., d'Arge, R., De Groot, R., Farber, S., Grasso, M., Hannon, B., Limburg, 

K., Naeem, S., O'neill, R. V., & Paruelo, J. (1997). The value of the world's 

ecosystem services and natural capital. Nature, 387(6630), 253-260.  

 

 

Cowling, E. B. (1982). Acid precipitation in historical perspective. Environmental 

science & technology, 16(2), 110A-123A.  

 

 

Dalcin Martins, P., Hoyt, D. W., Bansal, S., Mills, C. T., Tfaily, M., Tangen, B. A., 

Finocchiaro, R. G., Johnston, M. D., McAdams, B. C., & Solensky, M. J. 

(2017). Abundant carbon substrates drive extremely high sulfate reduction rates 

and methane fluxes in Prairie Pothole Wetlands. Global Change Biology, 23(8), 

3107-3120.  

 

 

Deng, J., Guo, P., Ji, J., Su, H., Zhang, Y., Wu, Y., Sun, Y., & Wang, M. (2019). Effects 

of wetland restoration on sulfur and arylsulfatase in mangrove surface soils at 

Jinjiang Estuary (Fujian, China). Wetlands, 39(2), 393-402.  

 

 

Dinsa, T., & Gemeda, D. (2019). The role of wetlands for climate change mitigation 

and biodiversity conservation. Journal of Applied Sciences and Environmental 

Management, 23(7), 1297-1300.  

 

 

Feinberg, A., Stenke, A., Peter, T., Hinckley, E. L. S., Driscoll, C. T., & Winkel, L. H. 

E. (2021). Reductions in the deposition of sulfur and selenium to agricultural 

soils pose risk of future nutrient deficiencies. Communications Earth & 

Environment, 2(1), 101. https://doi.org/10.1038/s43247-021-00172-0  

 

 

Feng, J., & Hsieh, Y. P. (1998). Sulfate reduction in freshwater wetland soils and the 

effects of sulfate and substrate loading. Journal of Environmental Quality, 

27(4), 968-972. 

https://doi.org/https://doi.org/10.2134/jeq1998.00472425002700040034x 

 

 

Fernando, W. A. M., Ilankoon, I. M. S. K., Syed, T. H., & Yellishetty, M. (2018). 

Challenges and opportunities in the removal of sulphate ions in contaminated 

https://doi.org/10.1672/0277-5212(2004)024%5b0219:APATMW%5d2.0.CO;2
https://doi.org/10.1038/s43247-021-00172-0
https://doi.org/https:/doi.org/10.2134/jeq1998.00472425002700040034x


52 
 

mine water: A review. Minerals Engineering, 117, 74-90. 

https://doi.org/https://doi.org/10.1016/j.mineng.2017.12.004  

 

 

Fisher, J., & Acreman, M. (2004). Wetland nutrient removal: a review of the evidence. 

Hydrology and Earth System Sciences, 8(4), 673-685.  

 

 

Flanagan, L. B., Henry, K. J., Telfer, M. D., Zimmerman, O. R., Soued, C., & Bogard, 

M. J. (2022). Small contribution of Schoenoplectus acutus (emergent 

macrophyte) to nitrogen removal from wastewater effluent input to a restored 

prairie wetland complex. Wetlands, 42(8), 105.  

 

 

Flege, A. E. (2001). Sulfate reduction in five constructed wetlands receiving acid mine 

drainage. MSc thesis, University of Cincinnati, Cincinnati, Ohio. 

 

 

Fritz, P., Basharmal, G. M., Drimmie, R. J., Ibsen, J., & Qureshi, R. M. (1989). Oxygen 

isotope exchange between sulphate and water during bacterial reduction of 

sulphate. Chemical Geology: Isotope Geoscience section, 79(2), 99-105. 

https://doi.org/https://doi.org/10.1016/0168-9622(89)90012-2  

 

 

Froelich, P. N., Klinkhammer, G., Bender, M. a. a., Luedtke, N., Heath, G. R., Cullen, 

D., Dauphin, P., Hammond, D., Hartman, B., & Maynard, V. (1979). Early 

oxidation of organic matter in pelagic sediments of the eastern equatorial 

Atlantic: suboxic diagenesis. Geochimica et Cosmochimica Acta, 43(7), 1075-

1090.  

 

 

Galloway, J. N. (1996). Anthropogenic mobilization of sulphur and nitrogen: 

Immediate and delayed consequences. Annual review of energy and the 

environment, 21(1), 261-292.  

 

 

Garrels, R. M., & Perry, E. (1974). Cycling of carbon, sulfur, and oxygen through 

geologic time. The sea, 5, 303-336.  

 

 

Ghosh, D., & Gopal, B. (2010). Effect of hydraulic retention time on the treatment of 

secondary effluent in a subsurface flow constructed wetland. Ecological 

Engineering, 36(8), 1044-1051. 

https://doi.org/https://doi.org/10.1016/j.ecoleng.2010.04.017  

 

 

Government of Alberta. 2018. Environmental Quality Guidelines for Alberta Surface 

Waters. In: Water Policy Branch, Alberta Environment and Parks. Edmonton, 

Alberta, p.58. 

 

https://doi.org/https:/doi.org/10.1016/j.mineng.2017.12.004
https://doi.org/https:/doi.org/10.1016/0168-9622(89)90012-2
https://doi.org/https:/doi.org/10.1016/j.ecoleng.2010.04.017


53 
 

Goyer, R. A., Bachmann, J., Clarkson, T. W., Ferris Jr, B. G., Graham, J., Mushak, P., 

Perl, D. P., Rall, D. P., Schlesinger, R., & Sharpe, W. (1985). Potential human 

health effects of acid rain: report of a workshop. Environmental Health 

Perspectives, 60, 355-368.  

 

 

Guo, W., Wen, Y., Chen, Y., & Zhou, Q. (2020). Sulfur cycle as an electron mediator 

between carbon and nitrate in a constructed wetland microcosm. Frontiers of 

Environmental Science & Engineering, 14(4), 1-13.  

 

 

Hammer, D. A. (1989). Constructed wetlands for wastewater treatment. Lewis 

Publishers, Chelsea, MI. 

 

 

Hao, T., Xiang, P., Mackey, H. R., Chi, K., Lu, H., Chui, H., van Loosdrecht, M. C. 

M., & Chen, G. H. (2014). A review of biological sulfate conversions in 

wastewater treatment. Water Research, 65, 1-21. 

https://doi.org/https://doi.org/10.1016/j.watres.2014.06.043  

 

 

Hermes, A. L., Dawson, T. E., & Hinckley, E.-L. S. (2022). Sulfur isotopes reveal 

agricultural changes to the modern sulfur cycle. Environmental Research 

Letters, 17(5), 054032.  

 

 

Hinckley, E. L. S., Crawford, J. T., Fakhraei, H., & Driscoll, C. T. (2020). A shift in 

sulfur-cycle manipulation from atmospheric emissions to agricultural additions. 

Nature Geoscience, 13(9), 597-604.  

 

 

Hinckley, E. L. S., & Driscoll, C. T. (2022). Sulfur fertiliser use in the midwestern US 

increases as atmospheric sulfur deposition declines with improved air quality. 

Communications Earth & Environment, 3(1), 324. 

https://doi.org/10.1038/s43247-022-00662-9  

 

 

Hosono, T., Lorphensriand, O., Onodera, S.-i., Okawa, H., Nakano, T., Yamanaka, T., 

Tsujimura, M., & Taniguchi, M. (2014). Different isotopic evolutionary trends 

of δ34S and δ18O compositions of dissolved sulfate in an anaerobic deltaic 

aquifer system. Applied Geochemistry, 46, 30-42. 

https://doi.org/https://doi.org/10.1016/j.apgeochem.2014.04.012  

 

 

Ishii, M. (1953). Fractionation of the sulphur isotopes in plant metabolism of sulphur. 

MSc thesis, McMaster University, Hamilton, Ontario.  

 

 

Ivanov, M. V., & Freney, J. R. (1983). The global biogeochemical sulphur cycle (Vol. 

19). Wiley, Chichester.  

https://doi.org/https:/doi.org/10.1016/j.watres.2014.06.043
https://doi.org/10.1038/s43247-022-00662-9
https://doi.org/https:/doi.org/10.1016/j.apgeochem.2014.04.012


54 
 

Jamal, A., Moon, Y.-S., & Abdin, M. (2010). Sulphur-a general overview and 

interaction with nitrogen. Australian Journal of Crop Science, 4, 523-529.  

 

 

Jansen, A. M., & Roelofs, J. G. M. (1996). Restoration of Cirsio-Molinietum wet 

meadows by sod cutting. Ecological Engineering, 7(4), 279-298. 

https://doi.org/https://doi.org/10.1016/S0925-8574(96)00022-5  

 

 

Johnston Ph.D, C. A. (1991). Sediment and nutrient retention by freshwater wetlands: 

Effects on surface water quality. Critical Reviews in Environmental Control, 

21(5-6), 491-565. https://doi.org/10.1080/10643389109388425  

 

 

Kamyshny Jr, A., Zerkle, A. L., Mansaray, Z. F., Ciglenečki, I., Bura-Nakić, E., 

Farquhar, J., & Ferdelman, T. G. (2011). Biogeochemical sulfur cycling in the 

water column of a shallow stratified sea-water lake: Speciation and quadruple 

sulfur isotope composition. Marine Chemistry, 127(1-4), 144-154.  

 

 

Kaplan, I., Rafter, T., & Hulston, J. (1960). Sulphur isotopic variations in nature. Part 

8. Application to some biogeochemical problems. New Zealand Journal of 

Science, 3, 338-361.  

 

 

Kaushal, S. S., Likens, G. E., Pace, M. L., Haq, S., Wood, K. L., Galella, J. G., Morel, 

C., Doody, T. R., Wessel, B., & Kortelainen, P. (2019). Novel ‘chemical 

cocktails' in inland waters are a consequence of the freshwater salinization 

syndrome. Philosophical Transactions of the Royal Society B, 374(1764), 

20180017.  

 

 

Kaushal, S. S., Likens, G. E., Pace, M. L., Reimer, J. E., Maas, C. M., Galella, J. G., 

Utz, R. M., Duan, S., Kryger, J. R., Yaculak, A. M., Boger, W. L., Bailey, N. 

W., Haq, S., Wood, K. L., Wessel, B. M., Park, C. E., Collison, D. C., Aisin, B. 

Y. a. I., Gedeon, T. M., Woglo, S. A. (2021). Freshwater salinization syndrome: 

from emerging global problem to managing risks. Biogeochemistry, 154(2), 

255-292. https://doi.org/10.1007/s10533-021-00784-w  

 

 

Kaushal, S. S., Mayer, P. M., Likens, G. E., Reimer, J. E., Maas, C. M., Rippy, M. A., 

Grant, S. B., Hart, I., Utz, R. M., & Shatkay, R. R. (2023). Five state factors 

control progressive stages of freshwater salinization syndrome. Limnology and 

Oceanography Letters, 8(1), 190-211.  

 

 

Kemp, A., & Thode, H. (1968). The mechanism of the bacterial reduction of sulphate 

and of sulphite from isotope fractionation studies. Geochimica et Cosmochimica 

Acta, 32(1), 71-91.  

 

https://doi.org/https:/doi.org/10.1016/S0925-8574(96)00022-5
https://doi.org/10.1080/10643389109388425
https://doi.org/10.1007/s10533-021-00784-w


55 
 

Kendall, C., & Caldwell, E. A. (1998). Fundamentals of isotope geochemistry. In: C. 

Kendall & J. J. McDonnell. (Eds.), Isotope tracers in catchment hydrology (pp. 

51-86). Elsevier, Netherlands. 

 

 

Kendall, C., & Doctor, D. (2003). Stable isotope applications in hydrologic studies. 

Treatise on geochemistry, (5), 605.  

 

 

Kerr, J. G. (2017). Multiple land use activities drive riverine salinization in a large, 

semi‐arid river basin in western Canada. Limnology and Oceanography, 62(4), 

1331-1345.  

 

 

Kirchmann, H., Pichlmayer, F., & Gerzabek, M. H. (1996). Sulfur balances and sulfur‐

34 abundance in a long‐term fertilizer experiment. Soil Science Society of 

America Journal, 60(1), 174-178.  

 

 

Knossow, N., Blonder, B., Eckert, W., Turchyn, A. V., Antler, G., & Kamyshny, A. 

(2015). Annual sulfur cycle in a warm monomictic lake with sub-millimolar 

sulfate concentrations. Geochemical transactions, 16(1), 1-24.  

 

 

Kopriva, S., Malagoli, M., & Takahashi, H. (2019). Sulfur nutrition: impacts on plant 

development, metabolism, and stress responses. Journal of Experimental 

Botany, 70(16), 4069-4073. https://doi.org/10.1093/jxb/erz319  

 

 

Lamarque, J. F., Bond, T. C., Eyring, V., Granier, C., Heil, A., Klimont, Z., ... & Van 

Vuuren, D. P. (2010). Historical (1850–2000) gridded anthropogenic and 

biomass burning emissions of reactive gases and aerosols: methodology and 

application. Atmospheric chemistry and physics, 10(15), 7017-7039. 

 

 

Lamers, L. P. M., Tomassen, H. B. M., & Roelofs, J. G. M. (1998). Sulfate-induced 

eutrophication and phytotoxicity in freshwater wetlands. Environmental science 

& technology, 32(2), 199-205. https://doi.org/10.1021/es970362f  

 

 

Lavelle, P., Dugdale, R., Scholes, R., Berhe, A., Carpenter, E., Codispoti, L., Izac, A., 

Lemoalle, J., Luizao, F., & Treguer, P. (2005). Nutrient cycling. In: Assessment, 

M. E. (Ed.), Ecosystems and Human Well-Being: Current State and Trends: 

Findings of the Condition and Trends Working Group, (pp. 333-353). Island 

Press, Washington. 

 

 

Li, Q., Gao, Y., & Yang, A. (2020). Sulfur homeostasis in plants. International Journal 

of Molecular Sciences, 21(23), 8926.  

 

https://doi.org/10.1093/jxb/erz319
https://doi.org/10.1021/es970362f


56 
 

Likens, G. E., & Bormann, F. H. (1974). Acid rain: a serious regional environmental 

problem. Science, 184(4142), 1176-1179.  

 

 

Likens, G. E., Driscoll, C. T., & Buso, D. C. (1996). Long-term effects of acid rain: 

response and recovery of a forest ecosystem. Science, 272(5259), 244-246. 

 

 

Lis, G., Wassenaar, L., & Hendry, M. (2008). High-precision laser spectroscopy D/H 

and 18O/16O measurements of microliter natural water samples. Analytical 

chemistry, 80(1), 287-293. https://doi.org/10.1021/ac701716q  

 

 

Mackenzie, F. T., Ver, L. M., Sabine, C., Lane, M., & Lerman, A. (1993). C, N, P, S 

global biogeochemical cycles and modeling of global change. In: Wollast, R., 

Mackenzie, F.T., Chou, L. (Eds.), Interactions of C, N, P and S biogeochemical 

cycles and global change, NATO ASI series, Vol (4), (pp. 1-61). Springer, 

Berlin, Heidelberg. https://doi.org/10.1007/978-3-642-76064-8_1 

 

 

Marton, J. M., Creed, I. F., Lewis, D. B., Lane, C. R., Basu, N. B., Cohen, M. J., & 

Craft, C. B. (2015). Geographically isolated wetlands are important 

biogeochemical reactors on the landscape. Bioscience, 65(4), 408-418.  

 

 

Massmann, G., Tichomirowa, M., Merz, C., & Pekdeger, A. (2003). Sulfide oxidation 

and sulfate reduction in a shallow groundwater system (Oderbruch Aquifer, 

Germany). Journal of hydrology, 278(1-4), 231-243.  

 

 

Mitchell, A. M., & Baldwin, D. S. (1999). The effects of sediment desiccation on the 

potential for nitrification, denitrification, and methanogenesis in an Australian 

reservoir. Hydrobiologia, 392(1), 3-11. 

https://doi.org/10.1023/A:1003589805914  

 

 

Mitchell, M. J., & Likens, G. E. (2011). Watershed sulfur biogeochemistry: shift from 

atmospheric deposition dominance to climatic regulation. Environmental 

science & technology, 45(12), 5267-5271.  

 

 

Mitsch, W. J., Bernal, B., & Hernandez, M. E. (2015). Ecosystem services of 

wetlands. International Journal of Biodiversity Science, Ecosystem Services & 

Management, 11(1), 1-4. 

 

 

Mitsch, W. J., & Gosselink, J. G. (2015). Wetlands. John wiley & sons, Hoboken, New 

Jersey. 

 

 

https://doi.org/10.1021/ac701716q
https://doi.org/10.1023/A:1003589805914


57 
 

Moshiri, G. A. (2020). Constructed wetlands for water quality improvement. CRC 

Press, Lewis Publishers, Boca Raton.  

 

 

Narayan, O. P., Kumar, P., Yadav, B., Dua, M., & Johri, A. K. (2022). Sulfur nutrition 

and its role in plant growth and development. Plant Signaling & Behavior, 

18(1), 1-11. e2030082. https://doi.org/10.1080/15592324.2022.2030082  

 

 

Nazar, R., Iqbal, N., Masood, A., Syeed, S., & Khan, N. A. (2011). Understanding the 

significance of sulfur in improving salinity tolerance in plants. Environmental 

and Experimental Botany, 70(2-3), 80-87.  

 

 

Nyquist, J., & Greger, M. (2009). A field study of constructed wetlands for preventing 

and treating acid mine drainage. Ecological Engineering, 35(5), 630-642. 

https://doi.org/https://doi.org/10.1016/j.ecoleng.2008.10.018  

 

 

O'Flaherty, V., Lens, P., Leahy, B., & Colleran, E. (1998). Long-term competition 

between sulphate-reducing and methane-producing bacteria during full-scale 

anaerobic treatment of citric acid production wastewater. Water Research, 

32(3), 815-825. https://doi.org/https://doi.org/10.1016/S0043-1354(97)00270-

4  

 

 

Perez, B. C., Day, J. W., Justic, D., Lane, R. R., & Twilley, R. R. (2011). Nutrient 

stoichiometry, freshwater residence time, and nutrient retention in a river-

dominated estuary in the Mississippi Delta. Hydrobiologia, 658(1), 41-54. 

https://doi.org/10.1007/s10750-010-0472-8  

 

 

Pester, M., Knorr, K.-H., Friedrich, M. W., Wagner, M., & Loy, A. (2012). Sulfate-

reducing microorganisms in wetlands–fameless actors in carbon cycling and 

climate change. Frontiers in microbiology, 3(72), 1-19. 

 

 

Pinney, M. L., Westerhoff, P. K., & Baker, L. (2000). Transformations in dissolved 

organic carbon through constructed wetlands. Water Research, 34(6), 1897-

1911.  

 

 

Prietzel, J., Cronauer, H., & Strehl, C. (1996). Determination of dissolved total sulfur 

in aqueous extracts and seepage water of forest soils. International Journal of 

Environmental Analytical Chemistry, 64, 193-203. 

https://doi.org/10.1080/03067319608028929  

 

 

https://doi.org/10.1080/15592324.2022.2030082
https://doi.org/https:/doi.org/10.1016/j.ecoleng.2008.10.018
https://doi.org/https:/doi.org/10.1016/S0043-1354(97)00270-4
https://doi.org/https:/doi.org/10.1016/S0043-1354(97)00270-4
https://doi.org/10.1007/s10750-010-0472-8
https://doi.org/10.1080/03067319608028929


58 
 

Qian, Z., Tianwei, H., Mackey, H. R., van Loosdrecht, M. C., & Guanghao, C. (2019). 

Recent advances in dissimilatory sulfate reduction: From metabolic study to 

application. Water Research, 150, 162-181.  

 

 

Qin, C., Yao, D., Cheng, C., Xie, H., Hu, Z., & Zhang, J. (2022). Influence of iron 

species on the simultaneous nitrate and sulfate removal in constructed wetlands 

under low/high COD concentrations. Environmental Research, 212, 113453. 

https://doi.org/https://doi.org/10.1016/j.envres.2022.113453  

 

 

Quanrud, D., Karpiscak, M., Lansey, K., & Arnold, R. (2001). Behavior of organic 

carbon during subsurface wetland treatment in the Sonoran Desert. Water 

Science and Technology, 44(11-12), 267-272.  

 

 

Reinhardt, M., Gächter, R., Wehrli, B., & Müller, B. (2005). Phosphorus retention in 

small constructed wetlands treating agricultural drainage water. Journal of 

Environmental Quality, 34(4), 1251-1259.  

 

 

R Core Team (2022). R: A language and environment for statistical computing. R 

Foundation for Statistical Computing, Vienna, Austria. URL https://www.R-

project.org/. 

 

 

Rock, L., & Mayer, B. (2006). Tracing nitrates and sulphates in river basins using 

isotope techniques. Water Science and Technology, 53(10), 209-217.  

 

 

Roy, A., Das, B. K., & Bhattacharya, J. (2011). Development and validation of a 

spectrophotometric method to measure sulfate concentrations in mine water 

without interference. Mine Water and the Environment, 30, 169-174. 

https://doi.org/10.1007/s10230-011-0140-x  

 

 

Savva, Y., & Berninger, F. (2010). Sulphur deposition causes a large‐scale growth 

decline in boreal forests in Eurasia. Global Biogeochemical Cycles, 24(3), 1-14. 

 

 

Schlesinger, W. H., & Bernhardt, E. S. (2013). Biogeochemistry: an analysis of global 

change. Elsevier, Waltham, MA. 

 

 

Shah, S. H., Islam, S., & Mohammad, F. (2022). Sulphur as a dynamic mineral element 

for plants: a review. Journal of Soil Science and Plant Nutrition, 22(2), 2118-

2143. https://doi.org/10.1007/s42729-022-00798-9  

 

 

https://doi.org/https:/doi.org/10.1016/j.envres.2022.113453
https://www.r-project.org/
https://www.r-project.org/
https://doi.org/10.1007/s10230-011-0140-x
https://doi.org/10.1007/s42729-022-00798-9


59 
 

Sharma, K., Derlon, N., Hu, S., & Yuan, Z. (2014). Modeling the pH effect on 

sulfidogenesis in anaerobic sewer biofilm. Water Research, 49, 175-185.  

 

 

Sharma, M. K., & Kumar, M. (2020). Sulphate contamination in groundwater and its 

remediation: an overview. Environmental Monitoring and Assessment, 192(2), 

74. https://doi.org/10.1007/s10661-019-8051-6  

 

 

Silva, A. J., Varesche, M. B., Foresti, E., & Zaiat, M. (2002). Sulphate removal from 

industrial wastewater using a packed-bed anaerobic reactor. Process 

Biochemistry, 37(9), 927-935. https://doi.org/https://doi.org/10.1016/S0032-

9592(01)00297-7  

 

 

Sim, M. S., Bosak, T., & Ono, S. (2011). Large sulfur isotope fractionation does not 

require disproportionation. Science, 333(6038), 74-77.  

 

 

Sim, M. S., Woo, D. K., Kim, B., Jeong, H., Joo, Y. J., Hong, Y. W., & Choi, J. Y. 

(2023). What controls the sulfur isotope fractionation during dissimilatory 

sulfate reduction? American Chemical Society Environmental Au, 3(2), 76-86.  

 

 

Simões, J. C., & Zagorodnov, V. S. (2001). The record of anthropogenic pollution in 

snow and ice in Svalbard, Norway. Atmospheric Environment, 35(2), 403-413.  

 

 

Smil, V. (1996). Cycles of life: civilization and the biosphere. Scientific American 

Library, New York. 

 

 

Solomon, D., Lehmann, J., Lobe, I., Martinez, C., Tveitnes, S., Du Preez, C., & 

Amelung, W. (2005). Sulphur speciation and biogeochemical cycling in long‐

term arable cropping of subtropical soils: evidence from wet‐chemical reduction 

and SK‐edge XANES spectroscopy. European Journal of Soil Science, 56(5), 

621-634.  

 

 

Stark, L. R., Wenerick, W. R., Williams, F. M., & Wuest, P. J. (1995). The effects of 

pH, flow rate, and carbon supplementation on manganese retention in 

mesocosm wetlands. Journal of Environmental Quality, 24(5), 816-826. 
 

 

Stein, O. R., Borden-Stewart, D. J., Hook, P. B., & Jones, W. L. (2007). Seasonal 

influence on sulfate reduction and zinc sequestration in subsurface treatment 

wetlands. Water Research, 41(15), 3440-3448. 

https://doi.org/10.1016/j.watres.2007.04.023  

 

 

https://doi.org/10.1007/s10661-019-8051-6
https://doi.org/https:/doi.org/10.1016/S0032-9592(01)00297-7
https://doi.org/https:/doi.org/10.1016/S0032-9592(01)00297-7
https://doi.org/10.1016/j.watres.2007.04.023


60 
 

Strauss, H. (1999). Geological evolution from isotope proxy signals-sulfur. Chemical 

Geology, 161(1-3), 89-101.  

 

 

Sturman, P. J., Stein, O. R., Vymazal, J., & Kröpfelová, L. (2008). Sulfur cycling in 

constructed wetlands. In: Vymazal J. (Ed.), Wastewater Treatment, Plant 

Dynamics and Management in Constructed and Natural Wetlands (pp. 329-

344). Springer, Netherlands. https://doi.org/10.1007/978-1-4020-8235-1_29  

 

 

Thode, H. (1991). Sulphur isotopes in nature and the environment: an overview. Stable 

isotopes: natural and anthropogenic sulphur in the environment, 43, 1-26.  

 

 

Tuttle, M. L. W., Breit, G. N., & Cozzarelli, I. M. (2009). Processes affecting δ34S and 

δ18O values of dissolved sulfate in alluvium along the Canadian River, central 

Oklahoma, USA. Chemical Geology, 265(3), 455-467. 

https://doi.org/https://doi.org/10.1016/j.chemgeo.2009.05.009  

 

 

Vymazal, J. (2005). Constructed wetlands for wastewater treatment. Ecological 

Engineering, 25(5), 475-477. 

https://doi.org/https://doi.org/10.1016/j.ecoleng.2005.07.002  

 

 

Wang, H., & Zhang, Q. (2019). Research advances in identifying sulfate contamination 

sources of water environment by using stable isotopes. International Journal of 

Environmental Research and Public Health, 16(11), 1914. 

https://www.mdpi.com/1660-4601/16/11/1914  

 

 

Werker, A., Dougherty, J., McHenry, J., & Van Loon, W. (2002). Treatment variability 

for wetland wastewater treatment design in cold climates. Ecological 

Engineering, 19(1), 1-11.  

 

 

Whigham, D. F. (1995). Role of wetlands, ponds, and shallow lakes in improving water 

quality. In: Steele, K. F. (Ed.),  Animal Waste and the Land-Water Interface, 

(pp. 163-172). CRC Press, Boca Raton. 

 

 

White, J. S., & Bayley, S. E. (1999). Restoration of a Canadian prairie wetland with 

agricultural and municipal wastewater. Environmental Management, 24(1), 25-

37. https://doi.org/10.1007/s002679900212  

 

White, J. S., & Bayley, S. E. (2001). Nutrient retention in a northern prairie marsh 

(Frank Lake, Alberta) receiving municipal and agro-industrial wastewater. 

Water, Air, and Soil Pollution, 126(1), 63-81. 

https://doi.org/10.1023/A:1005240000042  

 

https://doi.org/10.1007/978-1-4020-8235-1_29
https://doi.org/https:/doi.org/10.1016/j.chemgeo.2009.05.009
https://doi.org/https:/doi.org/10.1016/j.ecoleng.2005.07.002
https://www.mdpi.com/1660-4601/16/11/1914
https://doi.org/10.1007/s002679900212
https://doi.org/10.1023/A:1005240000042


61 
 

White, J. S., Bayley, S. E., & Curtis, P. J. (1999). Sediment storage of phosphorus in a 

northern prairie wetland receiving municipal and agro-industrial wastewater. 

Ecological Engineering, 14(1), 127-138. 

https://doi.org/https://doi.org/10.1016/S0925-8574(99)00024-5  

 

 

Whitmire, S. L., & Hamilton, S. K. (2005). Rapid removal of nitrate and sulfate in 

freshwater wetland sediments. Journal of Environmental Quality, 34(6), 2062-

2071.  

 

 

Wiessner, A., Kappelmeyer, U., Kuschk, P., & Kästner, M. (2005). Sulphate reduction 

and the removal of carbon and ammonia in a laboratory-scale constructed 

wetland. Water Research, 39(19), 4643-4650. 

https://doi.org/https://doi.org/10.1016/j.watres.2005.09.017  

 

 

Wiessner, A., Rahman, K., Kuschk, P., Kästner, M., & Jechorek, M. (2010). Dynamics 

of sulphur compounds in horizontal sub-surface flow laboratory-scale 

constructed wetlands treating artificial sewage. Water Research, 44(20), 6175-

6185.  
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APPENDIX - A 

 

 

 

 

 

 

 

 

 

 

 

 

Figure A1. Effluent water inflow into the Basin 1 of Frank Lake 

 

 

Figure A2. Basin 1 outflow of Frank Lake 
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Figure A3. Basin 2 outflow of Frank Lake 

 

 

 

 

 

 

 

 

 

Figure A4. Basin 3 outflow of Frank Lake 
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APPENDIX - B 

 

 

 

 

 

Figure B1. Relative isotopic shifts in δ34S and δ18O values of SO4
2- caused by different 

reactions in the S cycle. Taken from Kendall and Doctor (2003). 
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APPENDIX - C 

 

 

Table C1. Locations of sediment sample collection in the three basins of Frank Lake.  

 

Basin Location Latitude Longitude 

Basin 1 

Inflow 50.56689 -113.727 

Mid-basin 50.55997 -113.712 

Outflow 50.55632 -113.707 

Basin 2 

Inflow 50.55522 -113.708 

Mid-basin 50.55096 -113.704 

Outflow 50.53973 -113.706 
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Figure C1. Locations of sediment samples collected from Basin 1 and 2 of Frank Lake 

 


