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ABSTRACT 
 
Rivers support people in many ways, including for agriculture and irrigation, drinking water, and 

recreational and cultural uses. Streams and rivers also play an important role in the global carbon 

(C) cycle as they not only transport C and nutrients to the ocean, but they also store, emit, and 

transform different sources of C. Consequently, rivers contribute large quantities of carbon dioxide 

(CO2) to the atmosphere. Human activities can modify food web metabolism and the cycling of C 

in rivers in complex ways that are hard to predict. For streams and rivers in southern Alberta, one 

of Canada’s most heavily impacted agricultural landscapes, riverine metabolism and C cycling are 

not well quantified. Here, I explore these issues in the Little Bow River (LBR) and Mosquito Creek 

(MCR). I used a combination of methods including both low and high frequency measurements to 

calculate CO2 flux, microbial incubations to measure C consumption, and whole-river metabolism. 

My research revealed that concentrations of CO2 were low compared to the global average, and as 

a result, emissions were also generally low in the river network. I found that modelled rates of 

metabolism in the river network, on average, were higher for gross primary production (GPP) but 

lower for ecosystem respiration (ER) than median rates reported for global rivers, and the network 

was generally on the low side for metabolic rates compared to streams in other agricultural regions. 

I document a shift in C cycling patterns from headwaters to the lower river, by showing increased 

coupling of GPP and ER, decreased bioavailability of DOC, and ultimately, elevated pH and lower 

CO2 emissions downstream. Human controls on flow regimes appeared to be the driving factor for 

differences between sites throughout the network. My research presents new network-scale 

patterns of river C cycling in drought-stressed agricultural landscapes. 
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CHAPTER 1. INTRODUCTION 
 

1.1 Background 

1.1.1. The Global Carbon Cycle 

Carbon (C) is the building block of life on Earth and is the fourth most abundant element in the 

universe (Teyssier et al., 2004). The C cycle regulates Earth’s climate through the production and 

consumption of important greenhouse gases, including carbon dioxide (CO2) and methane (CH4), 

which trap heat that is then returned to Earth’s surface (Schlesinger and Bernhardt 2020). The 

global C cycle involves fluxes through various pools (Fig. 1). The dominant pools include the 

oceans (3.8 x 1019 g C), terrestrial landscape (soils and vegetation; 3.0 x 1018 g C), and atmosphere 

(8.6 x 1017 g C) (Fig. 1). Atmospheric CO2 can be taken up by photosynthesizing plants (1.2 x 1017 

g C yr-1; Fig. 1) and bacteria to create organic matter (OM). This OM is then transferred through 

food webs and ultimately decomposed and respired by terrestrial and aquatic organisms that 

release CO2 at rates of 6.0, 6.0 and 9.0 x 1016 g C yr-1 for terrestrial plants and soils and marine 

habitats, respectively (Fig. 1). The ocean is one of the largest C sinks, as it absorbs CO2 from the 

atmosphere at rates of 9.3 x 1016 g C yr-1 (Fig. 1) through both biological and abiotic processes 

(Schlesinger & Bernhardt, 2020). A small fraction of the C in the ocean is sedimented each year 

(2 x 1014 g C yr-1; Fig. 1). Land-to-ocean export of C is also an important flux in the global C 

budget and is relatively well-defined (0.8 Pg C yr-1). Human activities have also altered the global 

C cycle, as fossil fuel burning is mobilizing previously-stored ancient C into the active C cycle 

(IPCC 2014; Butman et al. 2015). The burning of fossil fuels such as coal, oil, and natural gas is 

currently transferring C into the atmosphere at rates of 9.9 x 1015 g C yr-1(Fig. 1).  
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Figure 1. The global carbon cycle with values for 2016. The pools are reported in units of 1015 g 

C and the fluxes as 1015 g C yr-1. Revised from Schlesinger and Bernhardt (2020). 

 

 

  



 3 

1.1.2. Role of Rivers in the Global C Cycle 

Inland waters (lakes, rivers, wetlands, reservoirs), once overlooked, actively participate in the 

global C cycle by intercepting terrestrial C lost from land to aquatic networks. Prior to coastal 

export, 1.9 to 5.1 Pg yr-1 of C lost from land is intercepted by streams, lakes, and reservoirs 

(collectively, the aquatic network) (Cole et al., 2007, Drake et al., 2018). Processing of terrestrial 

C in aquatic networks sustains emissions of large quantities of CO2 and CH4 to the atmosphere 

(Cole et al., 2007; Battin et al., 2009; Rocher-Ros et al., 2023) (Fig. 2). Among all inland waters 

(lakes, rivers, and reservoirs), most emissions of CO2 (1.8 Pg C yr-1) are derived from rivers and 

streams (Raymond et al., 2013).  Internal production of CO2 through heterotrophic metabolic 

pathways in rivers is largely fueled by particulate and dissolved organic carbon (POC and DOC, 

respectively; Fig. 2) that is fixed on land and transported from terrestrial and wetland riparian 

habitats into rivers (Duarte & Prairie, 2005; Duarte & Augusti, 1998; Abril et al., 2014). This is an 

external source of C to aquatic environments, or allochthonous inputs, that derive from litterfall, 

soils, and other sources from the surrounding terrestrial and riparian floodplain environments 

(Abril et al., 2014). In addition to metabolic processes, internal production of CO2 can also be 

supported through abiotic processes, including photochemical breakdown of organic matter 

(Lapierre et al., 2013; Cory et al., 2014). Autochthonous C is produced from sources within the 

river and contributes to the total OC pool (Fig. 2), and it can also be mineralized and released as 

CO2 (Kritzberg et al., 2004). The balance of this internally derived versus externally derived CO2 

(and thus the source of emissions) is not static and depends on changes in land cover, connectivity 

with the land, climate, and terrestrial processing (e.g., Hotchkiss et al., 2015). Therefore, rivers not 

only act as passive “pipes” that carry C to the oceans but are now recognized as reactors that 

generate CO2 internally and modify the chemical composition of the OM pool as it transits through 
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the network (Cole et al., 2007; Tranvik et al., 2009). The OM fixed on land is consumed by 

microbes (free and benthic) in rivers and can be modified or replaced by internally derived 

materials that are chemically distinct (Kellerman et al., 2014). Knowing the source of emitted CO2 

(land derived and exported versus produced in the river itself) is critical to obtaining an accurate 

global C budget (Hotchkiss et al.,2015; Abril et al. 2014; Battin et al., 2023).  

  

1.1.3. Human Impacts on Riverine C Cycling 

Land disturbance and alterations change the biogeochemistry of rivers by adding an additional ~ 

1.0 Pg C yr-1 to aquatic networks (Regnier et al., 2013). Human activities that enhance catchment 

weathering (e.g., agriculture and forestry) directly add inorganic carbon (IC) and organic carbon 

(OC) to aquatic networks (~0.9 Pg), while sewage release adds an additional ~0.1 Pg C yr-1 into 

aquatic networks (Regnier et al., 2013). The form of human-derived C entering river systems can 

impact ecosystem functioning (Fig. 2). For instance, the addition of particulates may change the 

extent of light attenuation, which affects photosynthesis and light-dependent reactions (Bauer et 

al, 2013). In addition, differences in the chemical composition of materials transported to rivers 

can impact the photochemical and biological reactivity of OC (Bauer et al., 2013), and impact rates 

of internal CO2 production (Fig. 2). Land disturbance can also input previously-stored aged soil C 

into river systems, which stimulates microbial respiration, photodegradation, and enhances CO2 

emissions (Butman et al., 2015) (Fig.2). This mechanism may be of greater importance in smaller 

watersheds (Butman et al., 2015).  
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Figure 2. River C cycling and associated metabolic processes.  
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Climate changes that alter precipitation and runoff can affect the rate of OC loading into 

aquatic ecosystems. Many studies have shown trends of increasing coloured terrestrial dissolved 

organic matter (DOM), or DOC, content in aquatic ecosystems (Fig. 2), which is causing the 

browning of waters and is a growing concern for ecosystem functioning (Xenopoulos et al., 2021; 

McGovern et al., 2019). The browning of surface waters may enhance microbial processes and 

cause greater CO2 emissions to the atmosphere (Fig. 2), modifying the rates of metabolism within 

these ecosystems (Lapierre et al., 2013). With wetter climates, it is predicted that OC 

concentrations in some regions will increase by 30-50% via increased flow over C-rich soils (de 

Wit et al., 2016). Terrestrial DOM content in aquatic systems is higher in wetter climate regions 

(Kellerman et al., 2014), and several studies have found that increased terrestrial aromatic DOM 

content is linked to greater CO2 emissions (e.g., D’Amario and Xenopoulos, 2015). In other 

regions, including western Canada, multi-decadal observations show no evidence of directional 

changes in DOC flux in recent decades (Johnston et al., 2022). This suggests that riverine C cycling 

in semi-arid regions may function differently from better-studied rivers in temperate and boreal 

regions, with unclear effects of ongoing climatic change. 

1.1.4. Research objectives 
Given there is very little research on C cycling and river metabolism in western Canada, 

specifically southern Alberta, my project quantifies patterns of CO2 emissions, C compositional 

shifts, and rates of metabolism in human-impacted rivers in southern Alberta, within the broader 

South Saskatchewan River watershed. One study has shown high rates of GPP in the mainstem of 

the Oldman River (Brinkmann and Rasmussen, 2012), yet no data exists for other metabolic rates, 

including ER or NEP, making it difficult to assess the metabolic balance and net C cycling in 

regional rivers. Based on the intense land use in this region, I hypothesize that an enhanced supply 
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of anthropogenic OM fuel negative rates of NEP and elevated CO2 emissions. To test this 

hypothesis, my study has the following three objectives: 

1) Track the spatial patterns of dissolved C composition, biodegradable DOC, and rates of 

CO2 emissions.  

2) Use high-frequency measurements of DO and discharge to model daily metabolic rates at 

select locations.   

3) Use high-frequency pH sensor measurements with hydrological and routine sampling data 

to model rates of CO2 emissions as well as their coupling to patterns of river metabolism.  
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CHAPTER 2. EXPLORING HUMAN IMPACTS ON RIVER METABOLISM AND 
CARBON CYCLING: A CASE STUDY IN THE LITTLE BOW RIVER, ALBERTA, 

CANADA 
 

2.1 Introduction 

2.1.1 Measuring metabolism to understand river ecosystem functioning 
River metabolism encompasses the complex processes of OM production and consumption within 

lotic aquatic ecosystems (Fig. 2). The metabolism of a river is a vital indicator of ecosystem health 

and functioning. Measuring rates of metabolism can be utilized as a tool to evaluate ecosystem 

functions, including the transfer of energy (OM) and nutrients through photosynthesis and 

decomposition (Ferreira et al., 2020), and to identify disturbances or imbalances within an 

ecosystem linked to direct or indirect human impacts. The two fundamental metabolic rates of 

aquatic ecosystem metabolism are gross primary production (GPP), which involves autotrophic 

production (photosynthesis and chemoautotrophy) by plants and microbes, and ecosystem 

respiration (ER), which includes the mineralization of OM by autotrophs and heterotrophs 

(Bernhardt et al., 2018) (Fig. 2). The balance between rates of GPP and ER is termed net ecosystem 

production (NEP). Autotrophy and heterotrophy are terms that specify the net uptake or production 

of CO2. The main internal ecosystem features that control river metabolism include light, 

temperature, flow, and nutrient concentration (Uehlinger, 2006; Bernot et al., 2010). These basic 

ecosystem physico-chemical properties are shaped by other factors such as hydrology and flow 

regime, riparian vegetation extent, and anthropogenic impacts (Bernhardt et al., 2022; Regnier et 

al., 2013).  Therefore, various factors can impact river metabolism and food web CO2 cycling, and 

these controls can change depending on the scale of the investigation.  
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2.1.2. Human impacts on metabolism and C cycling 

Human activities that modify nutrient cycling have interactive effects on ecosystem C cycling. 

Land use can enhance the leaching of nutrients into aquatic ecosystems, which in turn may impact 

river metabolism (Bernot et al., 2010). Excess nitrogen (N) and phosphorus (P) loading can 

increase rates of GPP, enhance algal biomass, and shift C cycling by altering the rates of NEP (Fig. 

2) (Bernot et al., 2010; Griffiths et al., 2013; Dodds & Smith, 2015). In a survey of river 

metabolism throughout the conterminous United States, rates of GPP varied more than rates of ER 

between regions (Bernot et al., 2010).  Yet studies have shown diverse impacts of nutrients on river 

metabolism. One study in the Arctic tundra showed that increased nutrient concentrations shifted 

river metabolism to autotrophy (Peterson et al., 1985), while another study in a heavily shaded 

watershed in the Appalachian Mountains showed nutrients predominantly enhanced ER, which 

was attributed to terrestrial inputs (Rosemond et al., 2015). Where increased N and P content 

decreases NEP and enhances ER, this can contribute more CO2 to the ecosystem and enhance 

emissions to the atmosphere (Cross et al., 2022). Ecosystem temperature can also impact the 

balance between autotrophy and heterotrophy, as NEP may decline with the warming of inland 

waters (Cross et al., 2022; Song et al., 2018). Removal of riparian vegetation can have multiple 

effects on GPP through reduced nutrient interception in runoff and increased light exposure. Shifts 

in the annual peak of ER or GPP due to alterations from land use or riparian shading may impact 

the ability of nutrients to be processed internally within river systems, thereby enhancing nutrient 

pollution (Bernhardt et al., 2018). Increased light exposure can enhance photosynthesis, and thus 

increase rates of GPP (Bernhardt et al., 2022). In urbanized areas with extreme nutrient pollution, 

a large portion of ER may be supported by sewage inputs rich in organic nutrients (Arroita et al., 

2019). In a long-term study, ER decline of 50% was attributed to improvements in wastewater 
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treatment and greater OM removal (Uehlinger, 2006). Improving wastewater treatment can 

drastically lower CO2 emissions from rivers, so it is imperative that the impact of upgrades to 

wastewater treatment are understood and implemented (Jarvie et al. 2020). Overall, human impacts 

on ecosystem properties can have diverse consequences for river metabolism. 

Human modification of river hydrology impacts metabolism and C cycling in many ways. 

Damming changes the flow regime of the river by lengthening the water residence time in the 

catchment, in turn enhancing C processing on site (Maavara et al., 2021; Maavara et al. 2017). 

Modifications of river flow through damming can impact the thermal characteristics of the river 

network depending on the size and depth of the reservoir (Maavara et al., 2021; Tranvik et al., 

2009). Temperature shifts can directly impact rates of river metabolism (Cross et al., 2022; Song 

et al., 2018).  Introducing large flows can flood riparian sediments, which can increase nutrient 

and OM resuspension into rivers, and alter the cycling of C (Talbot et al., 2018; Brinkmann & 

Rasmussen, 2010). Damming also causes a shift in nutrient ratios that can impact phytoplankton 

communities in part by causing a shift to cyanobacterial dominance (Maavara et al., 2020). A 

transition to a more autotrophic, algal dominated river network can result in reduced CO2 

emissions in summer months due to enhanced GPP and C sequestration, potentially altering C 

emissions patterns from the network (e.g., Chan et al., 2023; Lapierre & del Giorgio, 2012). The 

impacts of reservoirs on river pCO2 can vary, with some downstream river habitats showing lower, 

while others have elevated pCO2 values (Yan et al., 2022). This exemplifies the need for more 

studies on a wide range of ecosystems and regions. Modifications to the flow rate of rivers also 

impact how fast nutrients may be processed or transported downstream (Ulseth & Hall, 2015; 

Deemer et al., 2022), with implications for downstream productivity. Short-term management of 

reservoir outflows can also impact food web functioning and possibly metabolism. Changes in 
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water level and hydropeaking impact fish and other aquatic organisms. Hydropeaking is the 

discontinuous release of water from reservoirs to match human electricity demands, which causes 

peaks in discharge (Greimel et al., 2018). Increased sediment mobilization linked to hydropeaking 

can impact aquatic organisms and displace them to lower-quality, downstream habitats (Greimel 

et al., 2018). Increased turbidity linked to hydropeaking can also decrease light availability and 

cause a decrease in rates of GPP (Hall et al., 2015; Deemer et al., 2022). Overall, there are various 

ways in which human modifications of river hydrology can alter river metabolism. These effects 

can have an impact on not only regional C cycling, but global C cycling as well, though these 

effects are complex, and not well understood.  

 

2.1.3. Exploring metabolism and C cycling in understudied Canadian rivers 

Most of our knowledge of human impacts and river functioning comes from select global regions. 

In general, river metabolism and C cycling in western Canadian rivers are understudied (Zhou et 

al., 2024). Human pressures, such as agriculture and urbanization, exert significant influences on 

water resources in the Canadian prairies (Schindler, 2001). Both agricultural and urban stormwater 

runoff can negatively impact river ecosystems due to excess nutrients, salts, and other pesticides 

that affect water quality (Little et al., 2003). In addition to this, water withdrawals due to irrigation 

and municipal needs impact river hydrology and flow, with implications for the internal processing 

of materials and food web functioning (Rood et al., 2005; Schindler and Donahue, 2006). With 

growing water demand in western Canada, the future of water security in the prairies is uncertain 

(Schindler & Donahue, 2006). It is necessary to explore the relationship between C cycling and 

water resources in southern Alberta, as human activities are impacting flow regimes in this region 

(Schindler, 2001). Understanding the influence of land use and flow regulation practices on 
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riverine metabolism can provide insights into food web functioning and riverine biogeochemistry. 

Here, I explore the patterns of metabolism and C cycling in a river network in southern Alberta 

that is heavily regulated and influenced by human stressors, which will ultimately provide new 

information on the functioning of western Canadian river ecosystems.  
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2.2 Methods 
 

2.2.1. Study site 
The Little Bow River (LBR) and Mosquito Creek (MC) are part of the Oldman River basin (ORB; 

Fig. 3), which has an overall area of 28,200 km2 (Rock & Mayer, 2007). As one of the most heavily 

impacted watersheds in the region, the LBR drains 1963 km2 of the mixed grassland subregion 

with a range of land use (Fig. 3) (Hillman et al., 2016). Land use in the LBR and MC watersheds 

includes urban and rural agricultural activities, with range land, native prairie, cattle operations, 

dryland farming, and irrigated cropland (Little et al, 2003). The LBR begins in the town of High 

River, where water is diverted from the Highwood River. In southern Alberta, many farmers and 

people depend on the LBR and MC as a water source for drinking water, agriculture, as well as 

recreational use for surrounding communities. The LBR alone is used for irrigation on more than 

11,000 acres (4,400 hectares) of land (Rood et al., 2005). MC begins approximately 12 km 

southwest of the town of High River, where water is diverted from the Highwood River (Rood et 

al., 2005). A portion of this water is diverted into Clear Lake, and the remainder flows into Twin 

Valley Reservoir (TVR).  Both the LBR and MC drain into the TVR (Fig. 3), which was 

constructed in 2003 and is one of the newest reservoirs in the province (Hillman et al., 2016; Rood 

et al., 2005). The TVR has experienced eutrophication since its construction, and there is concern 

that upstream nutrient loading is a main cause for this water quality loss (HMP-PAC, personal 

communication). Frank Lake is a restored wetland that receives effluent from both the town of 

High River and a local beef processing plant (White, 1999; Zhu et al., 2019). The Town of Nanton 

also discharges treated wastewater into MC. As Frank Lake drains into the LBR during wet years 

(Zhou et al., 2023), and MC receives effluent year-round, wastewater release and legacy nutrients 
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in the watershed potentially impact metabolic processes and C cycling throughout the river 

network.  

Here, I used a combination of routine water sampling (in 2021 and 2022) at seven locations 

(see Appendix A for photos of each site location) in both the LBR and MCR and deployed 

autonomous sensors (in 2022) at three locations (Fig. 3). Water was collected from flowing 

habitats, and sensors were deployed in wadable locations. Sampling locations were generally 

chosen to represent the widest range of conditions and human impacts present throughout the 

watershed, including above and below the confluence with eutrophic water sources (Frank Lake 

outflow), above and below a constructed reservoir (TVR), above and below a diversion canal (on 

MCR). Most sites had corresponding hydrologic gauging stations (detailed below). On LBR, I 

sampled at five locations, and deployed sensors at the intersection with Highway 533 (LB533) and 

near the town of Carmangay (LBCAR) (Fig. 3). Each site is above and below the TVR, 

respectively. Water is diverted from the Highwood River (Bow River basin) to the Little Bow River 

in the town of High River, and I sampled immediately downstream from this canal as my 

uppermost watershed location (LBCAN). I sampled four additional sites on the LBR, including 

one location above the confluence with Peel Creek, which is the Frank Lake drain (LBUP), below 

the confluence at LB533, immediately below the TVR (TVRD) and at LBCAR (Fig. 3). The two 

sample sites on MCR included MCR and MCRDIV, which were respectively located above and 

below a canal diverting a subset of flow to nearby Clear Lake.  Collectively, the sites span urban, 

cropland, rangeland, and native prairie habitats throughout the watershed.  
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Figure 3. Location of the Little Bow River (LBR) and Mosquito Creek (MCR) in the Oldman 

Watershed, Alberta, Canada. Sampling sites are shown with white circles, and sites with sensor 

deployments are shown with red circles. The town of High River and Nanton are shown with red 

triangles. The Twin Valley Reservoir (TVR) is shown at the confluence of LBR and MCR. Inset, 

top right: Study site (black dashed box) in the Oldman Watershed, with the upper LBR Watershed 

in blue (see Appendix B for site latitude and longitude). 
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2.2.2. Water sample collection and field measurements 
Routine water sampling took place biweekly to monthly from April to October in 2021 and 2022. 

Surface water samples were collected in 4-litre HCl-washed plastic containers and stored in ice-

filled coolers during transportation to the lab for further processing.  At the time of sampling, a 

YSI Exo1 sonde (Yellow Springs Instruments) was used to determine dissolved oxygen (DO) 

concentrations, DO percent saturation, pH, turbidity, water temperature, specific conductivity, 

salinity, and barometric pressure. The sonde was factory inspected before each Spring season and 

calibrated regularly for pH, turbidity, and specific conductivity and salinity. The sensor measuring 

DO concentration and DO percent saturation was calibrated daily on-site using local barometric 

pressure. 

To obtain high-frequency (1 min resolution) water temperature and oxygen concentration 

data, MiniDOT (PME) sensors were deployed from May to October at LB533 and MCR, and from 

June to October at LBCAR. To estimate pCO2 and model emissions rates, pH sensors (HOBO, 

model MX2501) were deployed at MCR and LB533 (Fig. 3).  Sensors were attached to rebar that 

was pounded into the streambed at locations within ~50m of the nearby hydrometric gauging 

station, ensuring sensors were fully submerged throughout the measurement period. Sensors were 

factory-calibrated before deployment, and MiniDOT sensors were tested prior to deployment using 

an aerated ice bucket submersion method (not shown). All sensors were cleaned, and data was 

downloaded regularly during routine sampling.   
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2.2.3 Laboratory analyses 
In the laboratory, unfiltered and filtered water samples were collected for further analysis. Water 

was filtered through high-capacity, 0.45μm capsule filters (Whatman) using a peristaltic pump. 

For measurement of dissolved organic and inorganic C concentrations (DOC, DIC, respectively), 

filtered water was stored in the dark at 4oC in pre-baked, 40 ml amber vials that were capped air-

free with gas-tight liners. These samples were analyzed using a Shimadzu TOC-L high-

temperature catalytic oxidation analyzer following standard lab protocols (Bogard et al., 2023).   

As a proxy for the total amount of suspended phytoplankton biomass, chlorophyll a (Chl 

a) pigment concentrations were measured spectrophotometrically. Water samples were filtered 

through GF/F filters (nominal pore size 0.7μm, Whatman) and the particulate material on filters 

was frozen and stored in the dark until later analysis. Filters were then thawed and cut into strips, 

put into a glass vial, 5 ml of 90% acetone was added, and samples were held in storage in the dark 

at -20oC for 24 hours. The extract was then filtered using lock-on syringe filters (0.22 um) and 

transferred to baked glass vials. To determine the total amount of pigment, absorbance was 

measured using a Biochrom Ultrospec 3100 pro spectrophotometer. The samples were completed 

at room temperature using a 1 cm quartz cuvette. Wavelengths measured included 480, 630, 645, 

665, and 750 nm and calculations of Chl a followed Jeffrey and Humphrey (1975).  

 

𝐶ℎ𝑙	𝐴	𝜇𝑔	𝐿!" =	*11.85(𝐴##$ − 𝐴%$&) − 1.54(𝐴#'$ − 𝐴%$&) − 0.08(𝐴#(& − 𝐴%$&)4 ×
)
*
 (1) 

Where E is the volume of the extraction solvent (mL) and V is the total volume filtered (L). 
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2.2.4. Bioavailable DOC (BDOC) incubations 
In August 2022, I used standard incubations to determine the content of bioavailable DOC (BDOC) 

available to the microbial community. I conducted a standardized 28-day incubation for water 

samples collected from all sites. The incubations were set up in a triplicate (a total of 21 

incubations) following Vonk et al. (2015) but modified following Zhou et al. (2023) by filtering 

water using a 0.2μm pore sized filter (PALL Supor 200) instead of 0.7 μm. To start the incubation, 

filtered water was added into pre-combusted 1L amber bottles. Next, I added a 1% (by volume) 

microbial inoculation to filtered water, which consisted of water that was filtered using GF/D filters 

(1.2 μm nominal pore size; Whatman). I stored all incubations in the dark at room temperature for 

the duration of the experiment. I collected microbe-free filtered samples on days 0, 2, 7, 14, 21 

and 28 for measurement of DOC concentrations, to explore the loss of DOC through time (detailed 

above, following Bogard et al. 2023). A total of 126 samples were processed. BDOC loss in mg L-

1 was defined as the difference in concentration of DOC from day 0 to day 28, and BDOC percent 

loss (%) as the percentage of DOC concentration remaining on day 28 relative to the initial DOC 

concentration. Values exceeding 100% represent cases where DOC content increased during 

incubations. 

 

2.2.5. Hydrological data  
The discharge values, mean river channel depth, width, and velocity data were obtained from both 

federal and provincial monitoring sources, from both the federal database 

(https://wateroffice.ec.gc.ca/mainmenu/real_time_data_index_e.html) and the Alberta River Basin 

website for provincially-monitored sites (https://rivers.alberta.ca/). The gauging stations IDs were: 

https://rivers.alberta.ca/
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05BL015- Little Bow Canal at High River (LBCAN), 05AC930- Little Bow River at Highway 

No. 533 (LB533), 05AC031-Mosquito Creek near the Mouth (MCR), 05AC937-Mosquito creek 

below Clear Lake Diversion (MCRDIV), 05AC941-Little Bow River below Twin Valley Reservoir 

(TVRD), and 05AC003-Little Bow River at Carmangay (LBCAR). To estimate the mean depth, 

cross-sectional depth measurements were obtained from government sources for every month of 

2022, and averaged to obtain mean cross-sectional river depth at each gauged location (Appendix 

Fig. C1). Mean depth was then regressed against daily discharge to obtain a relationship that 

enabled us to estimate mean channel depth measurements based on higher frequency discharge 

measurements. Velocity data were also obtained, and a similar velocity-discharge regression model 

was created for each site to obtain high frequency velocity measurements (Appendix Fig. C2). For 

the LBUP site, there was no gauging station directly there, so we used the discharge and velocity 

from the closest upstream site, LBCAN. In addition, the LBCAN site did not have a gauging station 

directly where sampling occurred but was roughly 5 km downstream from the gauging station that 

was used for calculations and modeling.  

 

2.2.6. Estimating CO2 content and emissions 
I calculated the concentration of CO2 (in mmol L-1) in the water following Aberg & Wallin, (2014). 

For routine, lower frequency sampling, I used the concentrations of DIC (methods detailed above), 

combined with sonde measurements of pH and water temperature to calculate the fraction of DIC 

present as CO2 using equation 1: 

𝐶𝑂+ = 7
𝐷𝐼𝐶

1 +	𝐾"𝐻 + 𝐾"𝐾+𝐻+

=10# 

 

(2) 
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𝐾" = 10,
!('&'.%"

. /"'.0'($!&.&(+%$0.1 
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!+2&+.(2

. /#.'20!&.+(%2.1 

 

(4) 

𝑝𝐶𝑂+ =	
𝐶𝑂+
𝑆34+

 (5) 

SCO2=10
5!6!"#$%.'() !#&.+'&2/+(.($0$ 789 )

'**/:;<6&.&+($"%!&.&+(#$#,
)
'**1/&.&&'%&(#,

)
'**1

+
=/ 789 "&=?

 

 

(6) 

  

Where H is the hydrogen ion concentration, and K1 and K2 are equilibrium constants in equations 

1 and 2. To determine the CO2 in the water, I used equation 1 together with pH and the equilibrium 

constants (equations 2 and 3). Next, with equation 4, I used CO2 concentrations from equation 1 

and SCO2 from equation 5 to calculate pCO2 (µatm). I determined the solubility of CO2 (SCO2) using 

equation 5 following Weiss (1974), where T is water temperature in Kelvin. For high frequency 

measurements using pH sensors, I interpolated daily DIC concentrations from the biweekly to 

monthly grab samples. 

To calculate the rates of CO2 emissions on each date (FCO2), I used equation 6 in 

combination with equations 7 to 10: 

 

𝐹34+ = 𝑘34+𝐾ℎ(𝑝𝐶𝑂+ − 𝑝𝐶𝑂2;) (7) 

  

𝐾ℎ = 	10!@".""/&.&"#.!&.&&&&%.+A (8) 
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𝑘34+ =	C
𝑆𝑐
600F

!"+
𝑘#&& 

(9) 

 

𝑆𝑐 = 1911 − 118.11𝑇 + 3.453𝑇+ − 0.0413𝑇( (10) 

  

𝑘#&& = 4725(𝑉𝑆)&.0#𝑄!&."'𝐷&.## (11) 

 

Here, FCO2 is the rate of emissions (g C m-2 d-1), pCO2 and pCO2a are the partial pressures of CO2 

observed and at equilibrium with the atmosphere, respectively, kCO2 is the gas transfer coefficient 

for CO2 (m d-1), Kh is Henry’s constant calculated following Wang et al. (2021) using equation 7, 

where T is water temperature in degrees Celsius. I calculated kCO2 using equation 8, where Sc is 

the Schmidt number, specific for CO2 (equation 10), k600 is the gas transfer velocity standardized 

to an Sc of 600, and the negative ½ exponent is used following Raymond et al. (2012). I calculated 

Sc using equation 10, following Wanninkhof (1992). I calculated k600 using equation 11, which was 

taken from Raymond et al. (2012) (their equation 7). V is velocity (m s-1), S is slope (unitless), Q 

is discharge (m3 s-1), and D is mean cross-sectional depth (m). For V, Q and D, I derived them as 

detailed above. Slope was derived in Google Earth, by calculating the change in elevation over the 

stream reach, using a standardized length for each site (1 km). 

 

2.2.7. Modelling river metabolism  
I estimated rates of GPP, ER, and NEP from diel DO and temperature data from miniDOT sensors. 

Following equation 12, I used the inverse modelling approach within the streamMetabolizer 

package in R (Appling et al, 2018a), that uses Bayesian parameter estimation as well as a 
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hierarchical state space modelling framework to generate daily estimates of GPP, ER, and k600d 

(derived from streamMetabolizer) (Appling et al, 2018b). These estimates are generated by the 

best fit between modeled and observed DO data. Model convergence was visualized using 

traceplot in the rstan package (Stan Development Team, 2022), to determine the correct number 

of burn in steps (500) with 3000 Markov chain Monte Carlo steps from four chains after burn-in 

to decrease equifinality between GPP, ER, and k600d. I constrained the variability in k600d by binning 

the range of possible estimates linked to discharge (O’Donnell and Hotchkiss, 2019). I removed 

all metabolism estimates that were not biologically possible, including negative GPP or positive 

ER values. I next removed days of data that had poor chain convergence or model fit, specifically 

when days had Rhat values that exceeded 1.1 and when N_eff values exceeded 12,000, which is 

the total number of saved steps (3000) multiplied by the number of chains (4) (O’Donnell and 

Hotchkiss, 2019). A total of 6 days were removed, resulting in 90 days of quality checked GPP and 

ER data for each site, or a total of 270 days combined between the three sites. The base equation 

for streamMetabolizer is as follows (equation 12; Appling et al,2018a): 

 

B4,,.
BC

=	CDEE.
F̅,,.

	× 	EEHI,,.
EEHI.

	F +	C)J.
F̅,,.
F + 𝑓K,B*𝑘#&&B4*𝑂𝑠𝑎𝑡K,B − 𝑂K,B4  

(12) 

 

Where Oi,d  is the modeled oxygen concentration on day d and time index i, and  dOi,d/dt is the rate 

of concentration change. GPPd , ERd, and k600d are the daily parameters that are fitted by the model. 

GPPd and ERd (g O2 m-2 d-1) are the daily metabolic rates, and k600d is the daily standardized gas 

exchange rate coefficient (d-1, scaled to a Schmidt number of 600). The other variables are the 

inputs for the model: 𝑧K̅,B is the stream depth(m), 𝑃𝑃𝐹𝐷K,B is the photosynthetic photon flux density 

(μmol photons m−2 d−1), and the 𝑃𝑃𝐹𝐷B is the daily mean of 𝑃𝑃𝐹𝐷K,B.  𝑓K,B*𝑘#&&B4 is a function 
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that converts the mean k600d to an oxygen specific, temperature-specific, gas exchange coefficient, 

and the 𝑂𝑠𝑎𝑡K,B is the theoretical saturation of O2 if the water and air were in equilibrium. 

 

2.2.8. Numerical analyses  
All statistical analyses were computed in R version 4.2.0 (v4.2.0; R Core Team 2022). I assessed 

the normality of data distributions visually using histograms in conjunction with Quantile-Quantile 

plots (qqplot). I used a one-way analysis of variance (ANOVA) with Tukey’s honestly significant 

difference post hoc tests (Tukey_HSD) to compare values of DOC, pCO2, FCO2, and k600 between 

routine sampling locations. Prior to analysis, I log10-transformed pCO2 and FCO2 to meet 

assumptions of normality of distribution, and square root transformed values of k600. I used a 

Kruskal-Wallis test (kruskal.test) with a Dunn post-hoc test (dunn.test) for DIC, BDOC values, 

and %BDOC as they were not normally distributed and could not be successfully transformed as 

for other parameters.  For mean depth and velocity calculations, all regression amylases were 

conducted using Ordinary Least Squares Regression on untransformed or log10-transformed data. 

Where boxplots are shown, the boxes represent the first to third quartile, or the interquartile range 

(IQR), with the midline as the median value, and the vertical lines extend from the largest to 

smallest values that are within 1.5 times above or below the IQR. Individual points outside of this 

range are shown as outliers.  
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2.3. Results 
 

2.3.1. Hydrologic and limnological conditions across sample sites   
The hydrologic conditions at all sites were heavily regulated through canal diversions and 

irrigation withdrawal, and therefore had relatively low flow rates, and did not follow predictable 

seasonal trends (Fig. 4). The maximum discharge rate measured in the network in 2021 and 2022 

was 7.9 m3 s-1 at LBCAN (Fig. 4a, Table 1) and the minimum was 0.2 m3 s-1 at MCRDIV (Fig. 4d, 

Table. 1). The mean discharge rate for all sites was 2.73 m3 s-1.  The seasonality of discharge was 

extremely variable and unpredictable (Fig. 4), with frequent water withdrawals throughout the 

year. The minimum mean channel depth was 0.09 m at MCRDIV (Fig. 4j) and the maximum mean 

depth was 1.16 at LBCAN (Fig. 4g). The mean depth for all sites was 0.45 m. Between 2021 and 

2022, similar patterns were generally observed. Brief periods did occur where flow differed 

between years at LBCAN, LB533, and TVRD (Fig. 4a, b, e, respectively).  

Concentrations of DO were consistent across sites (averaging from 9.6 mg L-1 at LBCAN, 

to 11.2 mg L-1 downstream at LBCAR; Table 1). Yet DO concentrations ranged widely within sites 

through time (the smallest and largest ranges within sites were 7.7 and 16.4 mg L-1, respectively). 

In contrast, I found that water temperature varied considerably within and across sites. The highest 

mean temperature of 18.9 oC was found at MCRDIV, and the lowest mean temperature of 13.2 oC 

was found at LB533 (Table 1).  Concentrations of Chl a were generally low (mean = 1.5 + 1.8 µg 

L-1 and range of 0 to 10.6 µg L-1; Table 1). The highest Chl a concentration was 10.6 µg L-1 and 

was observed at LB533 during July of 2021. 
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Table 1.  Physical and chemical conditions measured at each sampling location. Values summarise 

all data collected in 2021 and 2022. See text and figure 3 for abbreviation definitions. Values 

presented include mean + 1 S.D. and range of values are presented in parentheses.  

 

 LBCAN LBUP LB533 MCR MCRDIV TVRD LBCAR 

Temperature 
(oC) 

14.1 ± 3.8 
(8.3-18.7) 

13.5 ± 5.9 
(0.5-20.9) 

13.2 ± 6.5 
(0.1-21.0) 

14.7 ± 6.7 
(0.0-22.2) 

18.0 ± 4.9 
(9.8-23.1) 

14.4 ± 5.4 
(2.9-21.9) 

18.9 ± 4.3 
(11.8-23.8) 

DO  
(mg L-1) 

9.6 ± 0.7 
 (8.8-10.9) 

9.8 ± 1.4 
 (7.9-12.9) 

10.0 ± 1.7 
(7.7-13.6) 

10.5 ± 2.0 
(7.7-16.4) 

10.1 ± 1.4 
(8.9-12.9) 

10.9 ± 1.1 
(9.6-13.4) 

11.2 ± 1.7 
(8.9-13.2) 

pH  
8.1 ± 0.2  
(7.9-8.4) 

8.2 ± 0.2  
(7.8-8.5) 

8.2 ± 0.2 
 (7.6-8.4) 

8.4 ± 0.2  
(8.0-8.7) 

8.3 ± 0.2 
 (8.1-8.6) 

8.4 ± 0.2  
(7.9-8.8) 

8.5 ± 0.3  
(8.1-8.8) 

DIC 
(mg L-1) 

31.3 ± 3.2 
(26.7-34.5) 

34.9 ± 5.1 
(28.6-46.1) 

34.2 ± 5.0 
(26.2-44.8) 

37.2 ± 13.6 
(24.6-79.7) 

29.9 ± 5.9 
(23.7-36.4) 

38.1 ± 10.3 
(26.1-73.9) 

29.6 ± 3.4 
(26.2-35.3) 

DOC 
(mg L-1) 

2.5 ± 1.7  
(1.3-5.5) 

3.0 ± 2.9  
(1.0-15.1) 

2.3 ± 0.7  
(1.4-4.0) 

3.6 ± 1.6  
(1.7-7.9) 

3.7 ± 1.5 
 (2.0-5.9) 

3.8 ± 0.7 
 (2.9-5.1) 

3.6 ± 0.5  
(3.3-4.5) 

Chl a  
(µg L-1) 

0.3 ± 0.2 
 (0.1-0.6) 

1.2 ± 1.2 
 (0.1-4.0) 

1.6 ± 2.2  
(0.0-10.6) 

1.5 ± 1.5  
(0.3-6.5) 

1.0 ± 0.7  
(0.5-2.3) 

2.3 ± 2.5  
(0.2-9.6) 

0.9 ± 0.4 
 (0.3-1.4) 

pCO2 

(µatm) 
938.0 ± 332.6  
(573.7-1370.6) 

1070.8 ± 562.8  
(527.0-2739.7) 

1174.3 ± 656.7  
(549.9-3010.9) 

720.8 ±282.8  
(334.0-1159.8) 

629.6 ±321.5 
(298.1-1021.9) 

822.6 ± 503.4  
(275.1-2228.9) 

520.0 ± 465.5  
(212.9-1315.4) 

Discharge 
(m3 s-1) 

3.5 ± 2.6 
 (0.6-7.8) 

3.5 ± 2.3 
 (0.6-7.9) 

2.9 ± 1.3  
(0.8-5.4) 

1.3 ± 0.4  
(0.2-1.9) 

0.7 ± 0.5 
 (0.2-1.3) 

3.3 ± 2.1 
 (0.3-7.1) 

2.5 ± 0.7  
(1.4-3.2) 

k600 
 (m d-1) 

7.9 ± 2.5 
 (5.4-12.0) 

7.4 ± 2.1  
(5.1-11.5) 

4.5 ± 1.1  
(2.9-6.7) 

3.0 ± 0.8 
 (0.9-4.3) 

2.2 ± 0.9  
(1.2-3.4) 

5.8 ± 3.0 
 (1.7-11.4) 

5.2 ± 0.9  
(3.9-6.2) 

FCO2 
(mmol m2 d-1) 

68.6 ± 38.2 
(12.9-96.9) 

98.2 ± 116.3 
(9.0-506.2) 

65.2 ± 68.5 
(11.2-269.7) 

16.1 ± 18.4  
(-6.8-51.6) 

9.7 ± 13.0 
 (-3.6-21.4) 

31.6 ± 44.7  
(-32.7-143.4) 

13.0 ± 48.0  
(-23.4-94.6) 
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Figure 4. Daily average discharge rate and mean cross-sectional depth of water in the river channel 

at each sampling location. See Figure 3 for site locations and text for the definition of 

abbreviations. 
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I found little difference in most chemical and physical conditions among sites. From up to 

downstream, all sites had elevated DIC concentrations ranging from 23.7 to 79.7 mg L-1 (mean ±1 

S.D. = 35.1 + 8.8; Table 1, Fig. 5a). There was no significant difference between sites for 

concentrations of DIC (Kruskal-Wallis, c2  = 11.3, p = 0.08).  Across sites, concentrations of DOC 

averaged 3.2 + 1.8, ranging from 1.0 to 15.1 mg L-1 (Fig. 5b, Table 1).  I observed significant 

differences in DOC concentrations between sites (ANOVA: p = 7.5e-05, F = 5.4), with sites on 

MCR and below the TVR generally elevated in DOC concentrations (Fig. 5b). On one occasion, I 

found elevated DOC concentrations of 15.13 mg L-1 at LBUP (June 2022). For ratios of DIC:DOC 

(Fig. 5c), there were significant differences among sites (ANOVA, F = 5.028, p = 0.00016). The 

DIC:DOC ratios decreased from upstream to downstream, as LBCAR had the lowest ratio (mean 

= 8.2 + 0.6 and LBCAN had the highest ratio (mean = 16.7 + 8.0).  All sites were alkaline, with 

pH values ranging from 7.6 to 8.8 (mean = 8.3 + 0.24, Table 1, Fig. 5d). From up – to downstream, 

values of pH trended upwards (ANOVA, F = 6.35, p = 8.32e-06).  
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Figure 5. Carbon content and pH were measured at each sampling site in 2021 and 2022. DIC (a), 

DOC concentrations (b), the ratio of DIC:DOC (c), and pH (d) were compared among sites. 

Lowercase letters denote post-hoc groupings (Tukey HSD; significance at p < 0.05). Sites are 

ordered from most upstream on the left to downstream on the right. See Figure 3 for site locations 

and text for the definition of abbreviations. 
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2.3.2. BDOC incubation experiment  
Microbial DOC consumption in standardized incubations decreased from upstream to downstream 

across sites (Kruskal-Wallis: c2 = 12.3, p = 0.0005), with mean values of 1.36 mg L-1 for the overall 

BDOC loss over 28 days and ranging from -0.15 downstream at TVRD to 3.52 mg L-1 upstream 

at LBCAN (Fig. 6).  At TVRD, the negative value indicates a small gain in BDOC. There was a 

significant difference between upstream sites and downstream sites for BDOC loss (Kruskal-

Wallis: c2 = 12.27, p = 0.0005). The maximum %BDOC loss was 71.3% at LBCAN, and the 

minimum was -4% at TVRD, for which incubations gained BDOC. The mean %BDOC loss for 

all the sites was 35.9% +5.7.  Below the TVR, the %BDOC loss was drastically lowered at TVRD 

but increased again further downstream at LBCAR. Consequently, there was a significant 

difference between sites for %BDOC loss (Kruskal-Wallis: c2 = 16.2, p = 0.013) 
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Figure 6. Microbial BDOC incubations were conducted in August 2022. BDOC loss over 28 days 

in mg L-1 (a) and %BDOC loss (b). Averages and error bars (1 S.D.) summarize triplicate 

incubations for each site.  Lowercase letters denote post-hoc groupings (Dunn test; significance at 

p < 0.05).      
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2.3.3. Across site patterns of CO2 content and flux  
Values of pCO2 at the sites were generally low, averaging 913.8 + 532.8 µatm, and ranging from 

212.9 at LBCAR to 3010.9 µatm at LB533 (Table 1, Fig. 7a). There was a decreasing trend in 

pCO2 from upstream to downstream, with significant differences between sites (ANOVA: F = 

4.18, p = 0.001). LBUP and LB533 had the most extreme values (i.e., more outliers) compared to 

other sites. The corresponding k600 values calculated on each sampling date following Raymond et 

al. (2012) had a mean of 5.3 + 2.6 m d-1 (Table 1, Fig. 7b) and ranged significantly (ANOVA: F = 

18.9, p = 6.54e-15), from 0.91 to 12 m d-1, decreasing to lowest average values at LB533 and in 

MCR at both locations, and increasing to highest values of 12 at LBCAN. Below the TVR, k600 

values increased at TVRD and decreased again at the downstream site LBCAR. The maximum 

rates of CO2 emissions (FCO2) based on low-frequency sampling were observed at LBUP (6.1 g C 

m2 d-1), and the minimum was -0.4 g C m2 d-1at TVRD (Table 1, Fig. 7c). There were modest but 

significant differences between sites for FCO2 (ANOVA: F = 2.78, p = 0.017), and rates of 

emissions generally decreased moving downstream. But in general, the only sites with significant 

differences were MCR and LBUP (Fig. 7c).  
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Figure 7. Spatial patterns of pCO2 (panel a), k600 (panel b), and FCO2 (panel c). Note that FCO2 is 

presented as log-transformed values. Significant differences among groups from the ANOVA (post 

hoc: Tukey HSD) are shown as lowercase letters (p < 0.01). 
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2.3.4. High-frequency CO2 content and fluxes 
The high-frequency measurements of pH, CO2 content, and emissions differed between sites and 

seasons (Fig. 8). The pH was alkaline at both sites; mean pH at LB533 was 8.36 + 0.22 (Fig. 8a), 

and at MCR mean pH was 8.54 + 0.33 (Fig. 8b). Values ranged from a maximum pH of 9.1 and 

minimum of 7.92, both at MCR. The pH at LB533 varied less throughout the year in comparison 

to MCR, where there was a decrease in pH in the middle of August, then began to increase from 

September to October. Values of pCO2 were supersaturated relative to atmospheric values for most 

of the year at LB533 (Fig. 8c), with a mean pCO2 of 705.5 + 328.0, ranging from 204.8 to 1633 

µatm (Fig. 8d). In comparison, MCR had lower mean pCO2 of 520.5 + 382.6 µatm, ranging from 

92.8 to 1780.4 µatm. The values of k600 calculated following Raymond et al. (2012) also differed 

between sites, but both followed a similar trend, decreasing from July to October (Fig. 8e, f). The 

mean k600 was 4.3 d-1 ranging from 2.9 to 6.3 d-1 and 4.4 + 1.1 d-1 ranging from 1.9 to 7.1 d-1 for 

LB533 and MCR respectively. MCR had more drastic, short-term changes in k600, likely due to 

changes in irrigation withdrawal that impacted water level and discharge. During mid-September, 

k600 dropped at MCR, as the discharge was nearing zero (Fig. 8f). LB533 had similar water 

drawdowns, though not as frequent throughout the year. The fluxes between both sites were 

similar, with the mean FCO2 of 0.1 + 0.42 g C m-2 d-1 ranging from -0.25 to 1.0 g C m-2 d-1 and 0.3 

+ 0.4 ranging from 0.017 to 0.76 g C m-2 d-1.  
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Figure 8. Calculated high frequency (grey) and moving average (black) for pH (panel a and b), 

pCO2 (panel c and d),and FCO2 (panel g and h) for LB533 and MCR respectively, as well as 

calculated high frequency k600 (panel e and f). 
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2.3.5. Modelled estimates of GPP, ER, and NEP for each site.  
The metabolic rates were similar between sites (Table 2), but the trends differed among sites (Fig. 

9). Across all sites, the mean (+1 S.D.) GPP was 3.2 ±1.7, ranging from a low of 0.5 at LB533 to 

a high of 7.2 g O2 m-2 d-1 at MCR (Table 2, Fig. 9). MCR had the highest rates for both GPP and 

ER, while LB533 had the lowest. The mean rates of GPP were 2.0 ± 0.9, 4.3 ± 1.5, and 3.4 ± 

1.5 g O2 m-2 d-1 for LB533, MCR, and LBCAR, respectively.  Across sites, the mean rate of ER 

was -3.5 ± 1.5, while the greatest rate was calculated to be -7.9 g O2 m2 d-1 at MCR, and the lowest 

was 0 g O2 m2 d-1 at LB533.  The mean NEP across all sites was -0.24 ± 0.62 and ranged from -

2.8 g O2 m2 d-1 at LB533 to 2.0 g O2 m-2 d-1 at MCR. The mean NEP was 0 g O2 m-2 d-1 for both 

MCR and LBCAR, while LB533 was -0.7 g O2 m-2 d-1. This suggests that GPP and ER were in 

close balance at MCR and LBCAR, with neutral net metabolism, while LB533 had greater rates 

of ER than GPP and was overall heterotrophic.  

Based on seasonal trends, LB533 had an increase in GPP at the beginning of July, but rates 

declined in mid-July and remained relatively stable at low values until September (Fig. 9a). For 

rates of GPP at MCR (Fig. 9b), there was a steady increase beginning in spring, reaching a plateau 

in July, where it then steadily decreased starting in August (Fig 9b). LBCAR had a different trend, 

starting with high GPP in June, and decreasing for the rest of the year (Fig 9c). Trends in the rates 

of ER generally mirrored those of GPP (Fig. 9a-c).  The rates of GPP and ER were typically closely 

coupled each day for both MCR and LBCAR (Pearson correlation: r = -0.94, p = 2.2e-16, and r = 

-0.99, p = 2.2e-16, respectively) (Fig. 10). For LB533, rates of GPP and ER were less tightly 

coupled (r = -0.79, p = 2.2e-16).  

The trends in NEP were similar for both MCR and LBCAR, with fluctuations near 0 g O2 

m2 d-1 the whole year (Fig. 9b, c). In contrast, LB533 had negative rates of NEP from the beginning 
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of the year with an increase towards August, where then larger negative peaks of NEP occurred 

until the end of September (Fig. 9a). Overall, there were variable trends in GPP, ER, and NEP, yet 

MCR and LBCAR followed similar trends for NEP, differing from LBR. 
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Table 2.  Metabolic rates (g O2 m-2 d-1; mean + S.D.) for each sample site. Abbreviations defined 

in text.  

 LB533 MCR LBCAR 

GPP 2.0 ± 0.9  
(0.5-4.7) 

4.3 ± 1.5  
(0.8-7.2) 

3.4 ± 1.5  
(0.6-6.7) 

ER 
 

-2.7 ± 1.1  
(-5.9-0.0) 

 
-4.3 ± 1.5  
(-7.9--0.8) 

 
-3.4 ± 1.6  
(-6.8--0.4) 

NEP  
 

-0.7 ± 0.7  
(-2.8-1.6) 

 
0.0 ± 0.5  
(-1.1-2.0) 

 
0.0 ± 0.2 

 (-0.8-0.7) 
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Figure 9. Daily rates of GPP (grey line), ER (orange line), and NEP (black line) for three study 

sites. Abbreviations defined in text. 
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Figure 10. Rates of ER versus GPP for LBR (blue squares), MCR (red points), and LBCAR (purple 

triangles). The black line denotes where rates of ER (negative) equal GPP.  
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2.3.6. Cumulative NEP and FCO2 
The three sites had variable cumulative NEP (Fig. 11) and FCO2 (Fig. 12), with each site having 

distinct patterns. The final cumulative sum for NEP was -66.53, 4.38, and -1.78 g O2 m-2 for 

LB533, MCR, and LBCAR, respectively. LB533 had the lowest cumulative NEP of -66.5 g O2 

m-2, while MCR had the greatest of 8.3 g O2 m-2. LB533 was heterotrophic for the whole year, 

with an exponential trend towards negative NEP. Conversely, MCR had a positive trend 

beginning in July until mid-July, where it slowly began to decline, but was still autotrophic (Fig. 

11). The cumulative NEP for LBCAR was mainly slightly heterotrophic, with a slight decline 

throughout the year.  

There was a distinct difference in trends of cumulative FCO2 between LBR and MCR. The 

cumulative FCO2 for LBR was 449.3 + 187.1 with the max of 705.5 g C m-2. The cumulative FCO2 

for MCR was 62.4 + 116.9 and max of 236.3 g C m-2. There was a positive exponential trend for 

FCO2 at LBR, while MCR had a negative FCO2 until mid-July where it then began to increase, 

becoming positive mid-August, where there was a large increase in FCO2 from the end of August 

until September (Fig. 12).  
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Figure 11. The cumulative sum of daily rates of NEP for LBR (light blue line), MCR (pink dashed 

line), and LBCAR (purple line) over the sampling period. The horizontal black line is NEP = 0. 
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Figure 12. The cumulative sum of daily FCO2 rates for LBR (blue line) and MCR (pink dashed line) 

over the sampling period. 

 
 

  

0

10

20

Jul Aug Sep

C
um

ul
at

ive
 F

C
O

2

 (g
 C

 m
−2

 ) Site
LB533

MCR



 43 

2.3.7. Linking daily rates of high-frequency emissions and NEP  
While I observed differences in trends from one day to the next between both sites, there were no 

significant differences between the two sites in terms of the relationships between the daily rates 

of FCO2 and NEP (Fig. 13, ANCOVA: F = 0.138, p = 0.71). Additionally, within each site, there 

was no significant relationship between rates of FCO2 and NEP. A weak, non-significant 

relationship between FCO2 and NEP existed, as suggested by Pearson correlation for both MCR (r 

= -0.14, p = 0.20) and LBR (r = -0.17, p = 0.12). MCR had a greater proportion of data with 

negative FCO2 and positive NEP, signifying more in gassing of CO2 into the river and net 

autotrophy, compared to LBR.  
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Figure 13. Relationship between daily rates of NEP and emissions of CO2 for LBR (blue points) 

and MCR (red points). The solid black line represents the -1:1 relationship. 
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2.4. Discussion  
 
The C cycle of Canadian rivers in agricultural landscapes, particularly those dominated by 

irrigation, is not well defined. Multiple lines of evidence indicate that river metabolism and C 

emissions in the Little Bow River network is weakly influenced by terrestrial C inputs, at least 

during drought years in 2021 - 2022. First, I used a combination of basin-wide surveys and high-

frequency measurements at select locations, which revealed that CO2 concentrations were low (520 

to 1174 µatm; Table 1) compared to the global average river pCO2 of 2400 uatm (Lauerwauld et 

al., 2015). Consequently, the rates of emissions were also generally low in the river network. 

Second, the average rates of NEP from spring to fall were near zero in two of the three sites that I 

monitored for metabolism (MCR and LBCAR), and moderately heterotrophic at the other, more 

upstream site (LB533; Table 2, Fig. 11). These values of NEP were more balanced than previously 

reported for many rivers that are typically more heterotrophic (e.g., Bernot et al. 2010; Demars et 

al., 2011). Third, the bioavailability of DOC decreased from upstream to downstream, particularly 

below the TVR (Fig. 6). While the percent removal was generally high compared to values in other 

studies (discussed below), the total DOC mineralized was a small quantity. My work also presents 

new, network-scale patterns of river C cycling for agricultural regions, which expands on previous 

studies conducted at single locations in the Oldman River watershed (e.g., Zhou et al. 2024). I 

document a shift in C cycling patterns from headwaters to the lower river, by showing a close 

coupling of production and respiration in much of the network (Fig. 10), leading to lower 

bioavailability of DOM (Fig. 6a), and ultimately, elevated pH and lower CO2 emissions 

downstream (Fig. 5d, 7c). Whole network perspectives like this are needed, especially in 

agriculturally dominated systems, as they are underrepresented in the literature (Webb et al., 2019). 
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Taken together, my thesis provides an improved understanding of riverine C cycling in drought-

stressed agricultural landscapes. 

2.4.1 The Little Bow River network is a weak CO2 emitter    
Overall, emissions in the Little Bow River network are relatively low due to a combination of low 

CO2 availability to fuel outgassing, plus physical conditions that lead to intermediate gas transfer 

values. Globally, FCO2 is highly variable and depends on C availability and the sufficient supply of 

CO2 to sustain emissions; even where river turbulence is high, emissions rates can be low if CO2 

pools are depleted (Rocher-Ros et al., 2019). In line with these expectations, I observed low and 

decreasing rates of emissions from up to downstream, from 68.6 to 13 mmol C m-2 d-1 from 

LBCAN to LBCAR sampling sites. High-frequency estimates of C emissions generally agreed 

with the low-frequency data; the cumulative flux at LB533 was greater than at MCR (Fig. 12), in 

line with higher median values of FCO2 in the low-frequency dataset for both sites (Fig. 7c; p < 

0.05). High-frequency FCO2 values were also low at both sites and even negative, or in-gassing, on 

many days for MCR. It was likely that the low pCO2 values (520 to 1174 uatm; Table 1) were 

driving the patterns of FCO2, since they were much lower than the global mean river pCO2 of 2400 

uatm (Lauerwauld et al., 2015). At the same time, gas transfer velocities were not anomalously 

low. The k600 decreased from upstream to downstream for most of the river network until the TVR, 

where it increased to intermediate values at the TVRD site immediately below the reservoir (Fig. 

7b). Yet overall, k600 values were all below 12.0 and averaged 2.2 to 7.9 m d-1 (Table 1). These 

values are in line with averages reported for global rivers (5.7 m d-1; Raymond et al. 2013). As all 

the sites I sampled have flat topography (i.e., low river channel slopes) and low discharge rates, 

these values of k600 are much lower than those reported for steeper terrain (e.g., mean k600 values 

of 464 m d-1 for Alpine streams (Ulseth et al., 2019). In summary, C source limitation appears to 
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be the driving factor that restricted rates of FCO2 in the river network, at least during the drought 

period when sampling was conducted.  

The presence of the reservoir along the Little Bow River (TVR; Fig. 3) appeared to have 

little effect on downstream CO2 emissions. This was somewhat surprising because reservoirs are 

widely recognized as hotspots for OM mineralization (Maavara et al., 2017).  However, some 

studies have found that impoundment may decrease downstream pCO2 due to high productivity in 

the reservoir and an increase in pH (Ran et al., 2015; Chan et al. 2023; Yan et al., 2022). Other 

studies have made opposite observations, as highly stratified reservoirs increase the concentration 

of hypolimnetic CO2 and, therefore, when bottom water is discharged downstream, it has higher 

CO2 content to support greater emissions rates (Abril et al., 2015; Calamita et al., 2021). In our 

case, the TVR appears not to be strongly stratified during ice-free months of sampling (data not 

shown) or in earlier years (Sosiak, 2011). It is, therefore, likely that much of the CO2 produced in 

the reservoir is emitted to the atmosphere on site. While the TVR is a bottom-discharge reservoir 

(Sosiak 2011), the lack of hypolimnetic CO2 buildup may be the main reason why it does not 

export CO2-rich waters and is not enhancing downstream emissions. Follow up research is needed 

to better integrate the emissions from the TVR with the rest of the river network.  

2.4.2 Metabolism in the Little Bow River and Mosquito Creek 
In recent decades, there have been many advancements in understanding how river metabolism 

impacts not only regional but global C cycling and budgets (e.g., Battin et al., 2009; Hotchkiss et 

al., 2015; Bernhardt et al., 2022). However, there is a lack of research in western Canadian rivers 

on the drivers and controls of metabolism, and implications for river C cycling. Here, I found that 

modelled rates of metabolism in the Little Bow River network, on average, were higher for GPP 

but lower for ER (mean GPP from 2.0 to 4.3; mean ER from -2.7 to -4.3; Table 2) than median 

rates reported by Hall and Hotchkiss (2017) for global rivers (median GPP = 1.6 g O2 m-2 d-1 ; 
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median ER = -4.7 g O2 m-2 d-1). For agricultural regions, more specifically, my results agree with 

some but not other past studies. For streams in Indiana, U.S.A., Griffiths et al. (2013) reported 

similar rates of GPP (mean = 4.6 g O2 m-2 d-1), but much greater rates of ER (mean = -10.5 g O2 

m-2 d-1) than I observed. Consequently, these streams were more heterotrophic than in my study. 

On the other hand, the mean rates I report are similar to those from streams in Idaho, U.S.A. 

(Honious et al., 2021) that had mean GPP (2.1 g O2 m-2 d-1) and ER (-2.6 g O2 m-2 d-1) more in 

balance and NEP closer to zero. Broader surveys of agricultural streams (Bernot et al., 2010) have 

shown that GPP can range widely from 0.1 to 16.2 g O2 m-2 d-1, and that rates of ER typically 

exceed GPP, and span -0.4 to -23.1 g O2 m-2 d-1. Yet that survey was based on small streams in the 

U.S., and broader assessments in other parts of the world showed my observed rates were similar 

to low metabolic rates for rivers in the Ebro basin in Spain (Aristi et al., 2014) and agricultural 

streams on the Swedish Island of Oland in the southern Baltic Sea (Alnoee et al., 2015). A past 

study using a comparable free water approach in the mainstem of the Oldman River showed 

summertime GPP also ranged from ~3.5 to 8 g O2 m-2 d-1 (Brinkmann & Rasmussen 2012). This 

indicates that while the Little Bow River network is a relatively productive habitat compared to 

most global rivers, the rates are on the low end (but not outliers) for rivers in agricultural zones or 

the broader Oldman River network.   

  Variations in food web functioning among rivers and sites are complex, and the underlying 

drivers can be hard to determine. By monitoring three different sites along two separate rivers, I 

identified a range of metabolic properties through the river network, with one site being 

heterotrophic, one being weakly autotrophic, and another in near metabolic balance (Fig. 11). This 

was surprising, given the close geographic proximity of the sites. I attribute these differences to 

unique combinations of environmental drivers dominating at each site (Fig. 14). Bernhardt et al. 
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(2018) proposed a framework for comparing metabolic patterns between rivers or years. They 

suggest that deviation from the -1:1 ER:GPP line toward heterotrophy could be due to greater DOC 

and nutrient inputs and warming, while a compression towards the -1:1 line is mainly driven by 

hydrology (increased flows and scouring of the riverbed). Given that average water temperatures 

were quite consistent between sites (Table 1; Appendix D2), and light availability was also similar 

(i.e., no tree coverage and similar water clarity), it is likely that these factors were less important 

in driving between-site differences in net metabolism (Fig. 14).  

Instead, heterotrophy at the LB533 site was likely due to a combination of higher discharge 

and variable depth limiting GPP, and elevated bioavailable OM inputs supporting ER (Fig. 14).  

Although LB533 had the lowest rates of GPP and ER, it had the largest and most negative rates of 

NEP (Fig. 9, Fig. 11) and remained heterotrophic for the entire sampling period. This agrees with 

the elevated rates of FCO2 at this location (Fig. 12). The relationship between ER and GPP was 

shifted downward towards greater rates of ER (Fig 10). This could be due to external (i.e., loaded 

upstream) inputs of OM sustaining greater rates of ER and heterotrophic respiration. Accordingly, 

of the three sites, the fraction of DOC that was bioavailable to microbes was greatest at LB533 

(Fig. 6b). LBR receives effluent from the outflow of Frank Lake, which receives effluent from 

both the town of High River and the Cargill meat processing plant that can then be processed by 

Frank Lake. While the connection between Frank Lake outflow and the Little Bow River was 

absent during most of the drought period (Zhou et al. 2023), historical loading and buildup of 

nutrients and OM in the watershed may support this elevated BDOC. At the same time, higher 

mean discharge at LB533 could be a factor driving the low rates of GPP due to changes in water 

depth (Appendix D1), sediment load, and impacts on algal communities via scouring of attached 

biomass (Bernhardt et al., 2018). 



 50 

At the MCR site, the balanced to autotrophic NEP that I observed was likely driven by 

stable flow regimes and water depth, despite an abundance of relatively bioavailable DOM (Fig. 

14). MCR receives effluent from the upstream town of Nanton that is discharged directly into the 

river. This may explain the elevated proportion of BDOC (Fig. 6b) that may sustain elevated ER 

(Fig. 14) (Arroita et al. 2014). Yet, MCR had the lowest and most stable rates of discharge through 

time (Fig. 4), with somewhat variable depth (Appendix D1) (Fig. 14). Bernhardt et al. (2022) found 

that more stable flow regimes increased the median GPP values in streams three times greater than 

rates in ecosystems with variable flow regimes. In line with this, MCR had the highest average 

rates of GPP and ER (Table 2), but NEP was slightly autotrophic (Fig. 11). Furthermore, the 

relationship between ER and GPP was tightly coupled near -1:1 (Fig. 10).  Overall, it appears that 

the stable hydrology in this reach may be the ultimate control of food web metabolism during the 

current drought, with drought-driven shifts to autotrophy being common in other regions (Hosen 

et al., 2019).  

Finally, conditions at the LBCAR site differed from those upstream, leading to near-

balanced NEP (Fig. 14). While LBCAR is an integration of water masses from both upstream sites 

receiving effluent, the upstream processing of OM and nutrients may attenuate this effect. While 

the low-frequency sampling indicated that there was an increase in DOC content from headwaters 

to downstream (Table 1), the actual bioavailability decreased (Fig. 6b, based on %BDOC as a 

relative indicator) to extremely low levels at LBCAR, thereby limiting the capacity for microbes 

to consume OM and enhance ER (Fig. 14).  In addition, the TVR may be impacting downstream 

metabolism at LBCAR, caused by water release, which led to intermediate variability in channel 

depth (Appendix D1) and discharge (Fig. 4) (Fig. 14). Multiple studies have found that GPP can 

increase in rivers below reservoirs and impoundments (Hunt et al., 2012; Chowanski et al., 2020). 
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In the case of LBCAR, the GPP is higher than one of the two sites, so exploring metabolism further 

downstream may provide better insight into how C cycling is being impacted by the reservoir in 

more detail. Upstream dams also increased GPP and ER in Mediterranean rivers, as there was less 

hydrologic variability, and pelagic GPP contributing to downstream GPP, with NEP ranging from 

-2.52 to -0.36 g O2 m-2 d-1 (Aristi et al., 2014).   

Ultimately, the availability of light, nutrients, and discharge are driving factors of river 

metabolism patterns around the world (Battin et al., 2023). Here in the Little Bow River, which is 

a heavily regulated network, the impacts of human alteration on flow regimes and nutrient and 

OM availability may be impacting metabolic rates in major ways throughout the river network that 

manifest differently through space and time.  While a deeper investigation of temporal metabolic 

patterns is beyond the scope of my thesis, it could provide further insight into the functioning of 

the river food web. 
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Figure 14. A summary of the different environmental controls of site-specific metabolism at my 

three monitoring locations. The net metabolic balances indicated in red are determined by both 

averaged NEP rates (Table 2) and cumulative NEP calculated in Figure 11. The key directional 

influences of parameters on either GPP or ER are summarized in parentheses in red bolded text. 
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2.4.3 Connection between NEP and CO2 emissions  
Rivers contribute disproportionately to the annual budget of atmospheric CO2 emissions (Cole et 

al., 2007; Raymond et al., 2013), but the proportion of emissions attributed to internal river 

metabolism versus external CO2 loading is poorly constrained (Hotchkiss et al., 2015). By pairing 

sensor-based measurements of NEP with FCO2 (Fig. 13), I found that the coupling of metabolism 

and emissions was relatively weak, at least on averaged daily timescales. Points measured for 

MCR fell in all four quadrants (as delineated by both positive and negative NEP and FCO2 values), 

and points spanned both sides of the -1:1 line with low correlative strength (Fig. 13). While points 

for LB533 fell only in two quadrants (positive FCO2, and both positive and negative NEP), the 

values also spanned the -1:1 line and had equally weak correlation (Fig. 13). This weak coupling 

that I observed is not unprecedented. Reed et al. (2021) found that during snowmelt, there was a 

moderate correlation between NEP and FCO2, driven by allochthonous C inputs that stimulated 

both ER and FCO2. However, they found no correlation during the non-snow melt period, as was 

the case for both MCR and LBR. At the same time, Solano et al. (2023) found rates of heterotrophic 

NEP often exceeded FCO2 outgassing rates, possibly due to the low turbulence and low evasion 

rates that led to lateral CO2 export instead of direct emissions on site. As their gas transfer velocity 

rates were consistent with my measurements (~3 to 9 m d-1), this mechanism may partly explain 

the decoupling of NEP and FCO2 here. At the same time, DIC buffering likely decoupled NEP and 

FCO2. There were large diel patterns of pCO2 and pH at both of my sites (Fig. 8), indicating that 

while metabolism drives DIC dynamics at sub-hourly scales, the addition and removal of CO2 

shifts the balance of bicarbonate (HCO3-) and carbonate (CO32-) in ways that buffer CO2 

availability and decouple FCO2 and NEP (Stets et al. 2017), especially in alkaline waters like our 

study sites (data not shown). This can ultimately lead to excess CO2 during periods of intense 

photosynthesis, sustaining greater emissions than predicted by NEP (Stets et al. 2017). Overall, 
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the mechanisms underlying the coupling of these two rate measurements are complex and should 

be fully characterized in the future.  

2.4.4. In stream processing and implications for the riverine C pool 
Overall, the C pool in the Little Bow River network was dominated by DIC (~5 to 30 times greater 

than DOC content; Fig. 5c). This is consistent with general expectations for other agricultural 

rivers in North America (Tank et al. 2018), yet this balance was not static. While low pCO2 and 

high pH values were relatively stable throughout the network, the ratio of DIC:DOC decreased 

moving downstream. DIC concentrations were relatively stable, but those of DOC increased 

downstream (Fig. 5). The decrease in the DIC:DOC ratio may suggest an important role in the 

system for DOC production by autotrophs via GPP. TVRD and LBCAR had the highest Chl a 

concentrations (Table 1), indicating that suspended plankton could have been a greater downstream 

source of autochthonous DOC. The temperature was greatest at LBCAR, the furthest downstream 

site (Table 1), and this could have increased the internal processing of C and production of DOC. 

However, the balanced values of NEP (on average; Table 2) do not necessarily support these 

hypotheses. Another potential factor driving the shift in DIC:DOC ratios could be an accumulation 

of less bioavailable DOC as water masses moved downstream. In line with this hypothesis, I 

observed a shift from high to low BDOC values, especially after the TVR (Fig. 6). This may be 

attributed to the higher water residence time in the TVR, allowing for greater processing of the 

DOC pool, leaving more recalcitrant or less bioavailable DOC that was released downstream. 

Overall, C dynamics in river systems can be highly variable and unpredictable, demonstrating the 

need for more holistic studies that combine multiple C parameters for understudied regions of 

Canada and the world.  
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2.4.5 Limitations  
My study provides new insights into river C cycling and metabolism owing to the combination of 

multiple methods (incubations, routine chemical analysis, and sensor deployment) applied to 

sampling frequencies that span sub-hourly to annual timeframes. However, there are still some 

uncertainties about C cycling in my study sites, and in southern Albertan rivers more broadly. One 

limitation is for two (LBCAN and LBUP) of the seven sites; the gauging station was not directly 

at the site of water sampling, and this could have impacted the accuracy of my calculations for the 

low-frequency datasets, especially for k600 calculations and, therefore, rates of CO2 emissions 

(FCO2). There are multiple variables that are needed in calculating k600, with depth driving better 

k600 models (Raymond et al, 2012), highlighting the importance of having accurate depth 

measurements. 

Second, the sampling time of my routine site visits and BDOC incubations also impacts 

my interpretations of ecosystem functioning since it does not capture the effects of diel shifts in 

metabolism on several of the chemical variables, particularly gas content (e.g., CO2 or DO 

concentrations), or changes in bioavailability seasonally. All my water sampling occurred during 

the day. Therefore, I only captured C dynamics when rates of GPP were high and pCO2 was lowest 

(Fig. 7). The C dynamics during the night would shift as the ecosystem becomes dominated by ER 

(de Montety et al., 2011). Despite this, mean pCO2 values for high-frequency measurements that 

do integrate diel changes (Fig. 8) align with low-frequency measurements (Fig. 7). To dive deeper 

into the patterns and controls of whole network C cycling, sensors measuring DO and pH could be 

deployed more extensively along the river continuum to record high-frequency conditions and 

determine how changes in metabolism impact CO2 cycling and emissions throughout the network.  

Third, the frequency of sampling could be increased in future work by conducting multiple 

surveys each month as well as performing multiyear analyses that capture shifting hydroclimatic 
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conditions. Future studies could perform multiple BDOC incubations throughout the year to 

determine how bioavailability changes seasonally (e.g., Zhou et al. 2024), and how this influences 

not only river metabolism but C cycling. As my study took place during an extended, multi-year 

drought (Zhou et al. 2023), examining C cycling during a wet year with greater habitat connectivity 

and higher flow rates would enable the comparison between different hydroclimatic conditions 

and how this influences river C cycling. For instance, Val et al. (2016) tracked river metabolic 

patterns over multiple years and hydroclimatic conditions and found that during increasing flow 

periods, GPP decreased in response to decreased light availability and increased turbidity. They 

found that in subsequent drought periods, lower flow rates enhanced GPP but not ER, but then 

later flooding events affected ER in different ways. Follow-up research in the Little Bow River 

could follow a longer-term sampling framework like that of Val et al. (2016), demonstrating that 

our interpretation of long-term metabolic functioning and C cycling requires sampling over 

different hydrologic conditions.  

Fourth, my study overlooked methods that identify the structure of the food web and 

potential shifts along the hydrologic continuum. This would provide some insight into the potential 

controls on river metabolism throughout the network. While I sampled suspended Chl a content, I 

did not include samples of plant or animal communities, nor estimates of attached biomass, which 

is extensive at some sites (APPENDIX A3;A6). This attached algal biomass could enhance GPP 

independent of our measurements of suspended Chl a. Further, to understand C processing patterns 

in subsurface habitats, examining the microbial communities in the streambed and their links to C 

cycling would provide a unique perspective on river functioning.  
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Chapter 3. CONCLUSIONS 
 
 
Rivers play an important role in the global C cycle by transporting C from land to sea (Fig. 1). 

Once viewed only as a pipe for C to the ocean, they are now understood to also be important sites 

for the active processing of C (Cole et al., 2007). Yet region-specific information on river C cycling 

is patchy. In western Canada, the patterns and controls of river metabolism and C cycling are 

understudied and not well defined. My study explored the complex C cycling and metabolic 

processes in a river network that is heavily impacted by agricultural and urban activities. The first 

part of my study explored spatial patterns of DIC and DOC, pCO2, and CO2 emissions. 

Furthermore, I used a 28-day BDOC incubation experiment to determine how the bioavailability 

of the DOC pool shifts within the system from upstream to downstream habitats. I had seven sites 

along two different rivers, with two sites downstream of a reservoir, capturing a large gradient of 

disturbances and physicochemical conditions throughout the watershed. Ultimately, I showed that 

the C pool shifts from upstream to downstream with decreasing trends in the ratios of DIC:DOC, 

decreasing pCO2 and FCO2, and decreasing absolute and proportional BDOC availability. This 

trend may be due to each site’s specific geomorphology, differing discharge rates, and metabolic 

processing. I found an increasing trend in both DOC and pH, underscoring the importance of how 

upstream processing of C impacts the processes occurring in downstream reaches. I found that the 

TVR reduced the amount of BDOC available for downstream sites, signifying the importance of 

reservoirs and impoundments in river networks as sites of control on river network C cycling. 

Secondly, I modelled river metabolism for three of the seven sites (LB533, MCR, and 

LBCAR). The rates of metabolism were on the low side for agricultural rivers and streams (Bernot 

et al., 2010) but higher than mean values for rivers globally (Hall and Hotchkiss, 2017), indicating 

that the LBR watershed is relatively productive and in line with observations in the larger Oldman 
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River (Brinkmann & Rasmussen 2012). The magnitude of metabolic rates differed among the sites, 

and I found more balanced metabolic rates and C processing at MCR and LBCAR than at LB533 

(which was heterotrophic). I attributed these differences to variable discharge rates and depth and 

the bioavailability of C at each site. The unique temporal patterns in hydrologic conditions across 

the sites were likely due to water withdrawal for irrigation and release from reservoirs that may 

influence the local factors controlling river metabolism. 

Finally, I used a combination of high-frequency pH measurements to determine sub-daily 

patterns of CO2 emissions and support metabolism models. Using both, I could determine the 

relationship between river metabolism and CO2 emissions at two different sites. I found that there 

was a weak, inverse, non-significant relationship between FCO2 and NEP for both sites. Although 

there was little correlation between FCO2 and NEP, both the cumulative NEP and FCO2 patterns 

from spring to fall agreed and showed distinct trends between LB533 and MCR. LB533 was 

heterotrophic for the whole year while MCR was autotrophic until mid-August, where then 

cumulative NEP decreased, and FCO2 increased, coinciding with increased discharge and mean 

depth. The differences in C cycling between these two sites demonstrate how understanding the 

changes in hydrology and river physicochemical properties are fundamental to predicting patterns 

of river metabolism and C pool shifts. Clearly, human interventions that change the hydrology of 

the Little Bow River network exert important overall controls on river functioning. 

This was one of the first studies that combined high-frequency and low-frequency CO2 

fluxes, BDOC incubations, and river metabolism measurements in the agricultural landscapes of 

western Canada, enabling me to provide new insights into how C is being cycled throughout the 

ULB watershed. My findings add to the literature investigating river functioning at the larger, 

network scale. 
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APPENDIX- A 
 

 

Figure A1. LBCAN sampling site  

 

Figure A2. LBUP sampling site  
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Figure A3. LB533 sampling site  
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Figure A4. MCR sampling site  

 
 

Figure A5. MCRDIV sampling site  
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Figure A6. TVRD sampling site 

 

 
Figure A7. LBCAR sampling site 
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APPENDIX B 
 

 
Table B1. Location of routine sampling sites within the ULB watershed 
 

Site Latitude Longitude 

LBCAN 50.55016 
 

-113.85699 

LBUP 50.47814 -113.66809 

LB533 50.35317 -113.54404 

MCR 50.25171 -113.55399 

MCRDIV 50.23703 -113.47765 

TVRD 50.22431 -113.39572 

LBCAR 50.13412 -113.13988 
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APPENDIX C 
 

 

 
 
Figure C1. Site-specific relationships of mean depth as a function of discharge. 
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Figure C2. Site-specific relationships of river velocity as a function of discharge. 
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APPENDIX D 

 
 
Figure D1. Mean depth (m) measurements for three modelled sites.  
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Figure D2. High frequency temperature measurements for three modelled sites. 
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